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Abstract

Wastewater containing metals and nutrients is a global environmental issue, threatening human
life and natural ecosystems. Iron sulfide minerals are abundant on Earth and are commonly
discarded as mine wastes, causing acid mine drainage (AMD). Thus, economically beneficial
use of iron sulfides is of great significance, and one option is to use iron sulfide minerals to
develop functional environmental materials, which can be applied into environmental pollution
control. Nanostructured pyrrhotite (NPyr) was manufactured by calcination of pyrite mineral
under N, atmosphere. This Ph.D. research was aimed at the assessment of efficiencies and
mechanisms of NPyr into metal and nutrient removals from wastewater using laboratory-scale

column reactors (diameter, 10 mm; height, 50 cm).

NPyr was added to Fixed—bed columns and used to test for the removal and recovery of Cu,
Pb, Cd, and Zn from the single-metal and Cu—Pb—Cd—Zn multi-metal solutions. Results
showed that the removal capacities of Cu and Pb were 77.42 mg-g" and 73.68 mg-g"' NPyr
from single—metal solutions, and were 30.79 mg-g' and 10.86 mg'g' NPyr from the Cu—Pb—
Cd-Zn multi-metal solution. The Cu and Pb contents in the used NPyr particles were up to
17.4% and 15.4% in the single sorption column, and 6.8% and 2.5% in the multi-metal
sorption column, respectively. The contents of Cu and Pb were high enough, so it would be
economically feasible to extract Cu and Pb from the used NPyr particles by means of direct
extractive metallurgy. The sequential extraction of the metals, X—Ray diffraction (XRD), and
transmission electron microscopy (TEM) analyses showed that the major mechanisms for Cu

and Pb removal by NPyr were precipitation and dissolution reactions via the formation of

xii



covellite (CuS) and galena (PbS). Long—term Curemoval from real acid mine drainage (AMD)
was Investigated using a two-column reactor system consisting of Column A (added with
limestone as neutralizer) and Column B (added with NPyr). The breakthrough capacity was
21.93 mg Cu-g' NPyr, and the maximum Cu content was up to 9.2% in the used NPyr in

Column B.

The mechanisms and efficiencies of NPyr-based autotrophic denitrification for simultaneous
nitrogen (N) and phosphorus (P) removal from secondary treated wastewater was investigated
using two identical biofilters. The hydraulic retention time (HRT) of the nanostructured
pyrrhotite autotrophic denitrification biofilters (PADBs) was gradually reduced from 7.2 to 0.6
h over a 536-day trial. Average concentrations of N of 0.05 mg'L" and P of 0.03 mg'L." in the
treated effluent were achieved at a HRT of 1.2 h when treating real secondary effluent which
contained N of 13.81 mg-." and P of 2.44 mgL"'. The low concentrations of N and P
achieved in the nanostructured PADB effluent at very short HRTs indicate the potential of
this technology for tertiary wastewater treatment and in meeting strict discharge standards.
High-throughput sequencing of 16S rRNA genes showed that Thiobacillus was the most
dominant genus (up to 87% relative abundance) in the PADBs. TEM analysis of the used
NPyr indicated that P was mainly removed by the precipitation of FePO,. A significant SO =
reduction with 32.50-58.01 mg-L." was observed in the nanostructured PADBs treating real
secondary effluent. This observation highlights the sustainability of the nanostructured PADB

technology.

This Ph.D. study shows the potential of synthesized NPyr as i) a novel, cost-effective sorbent
for metal removal and recovery, in particular, Cu, from real AMD, and ii) biofilm substratum
for autotrophic denitrification in nanostructured PADB technology as tertiary treatment for
wastewater. It is suggested that the application of NPyr into wastewater treatment should be

demonstrated in a large scale reactor.
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Literature Review

1.1  Background

Iron sulfides refer to a range of natural and synthetic chemical compounds composed of iron
and sulfur. Natural iron sulfide minerals are formed by the reaction of iron oxides/hydroxides
with sulfides produced by sulfate-reducing bacteria (SRB) under anoxic conditions (Jeong et al.,
2007; Rickard and Luther, 2007). Pyrite (FeS,) and pyrrhotite (Fe, S, 0<x<0.125) have been
acknowledged as the two most abundant iron sulfides on the Earth. Colloidal pyrite is a kind
of cryptocrystalline pyrite with nano-sized and submicron-sized crystals (Fig. 1.1a). Due to its
nano-size property, colloidal pyrite is expected to be more active than normal pyrite mineral
(Xie et al.,, 2014). Pyrite and pyrrhotite used to be the raw materials for the production of
sulfuric acid. At present, it’s more economical to use other sources (such as off-gas, sulfur, and
gypsum) to manufacture sulfuric acid, so pyrite and pyrrhotite are mostly considered as gangue
being disposed of in mine wastes (Chirita & Rimstidt, 2014). They are easily oxidized, resulting
in a discharge of significant amounts of Fe, Al, SO,”", and toxic metals into the drainage,
which is well known as acid mine drainage (AMD) (Sahoo et al., 2013). AMD is a serious and
persistent environmental problem, which leads to contamination of surface and groundwater
bodies, threatening living beings (Pierre Louis et al., 2015; Sahoo et al., 2013). According to
recent studies, nearly 5x10” tonnes of mill tailings are generated resulting from mining
activities per year globally (Lu & Wang, 2012). In Ireland, Gray and Delaney (2010; 2008) have
reported that the Avoca River located in Co. Wicklow has been contaminated by AMD,
resulting in extremely poor river water quality and significant losses of biodiversity. Therefore,
it’s of increasing importance to find alternative beneficial applications of pyrite and pyrrhotite.
One alternative application is to utilize pyrite and pyrrhotite to remove contaminants (e.g.

metals and nutrients) from wastewater.

Pyrite and pyrrhotite have been found to be able to remove divalent metals (e.g. Cu®’, Cd*,
Pb*", and Hg*, etc) from aqueous solutions through adsorption, and/or precipitation of
insoluble metal sulfides (Borah & Senapati, 2006; Bower et al., 2008; Lu et al., 2006). Recently,

natural pyrrhotite mineral has been used as biofilm substrum in pyrrhotite autotrophic
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denitrification biofilters (PADB) to simultaneously reducing nitrogen (TON-N) and
phosphorus (PO,”) in secondary municipal effluent from 21.1 and 2.6 mg'L" to 1.9, and 0.3
mgL.", respectively (Li et al., 2016). However, the high symmetry of and the strong S-S bond
in the crystal structure of natural pyrite mineral and the low specific surface areas of natural
iron sulfides cause i) low sorption capacities because of their low chemical reactivity (Chen et
al., 2014a), and (ii) a long hydraulic retention time (HRT) of up to 24 h needed to achieve
efficient nutrient removal for PADBs, making this technology impractical to be used in

mainstream wastewater treatment plants (WWTPs).

To improve the chemical activity of pyrite and pyrrhotite and to promote their engineering
applications, nanostructured pyrrhotite (NPyr) was developed by calcining pyrite, colloidal
pyrite, or pyrite and limonite (FeO(OH)) at 500-650 °C for 1 h in a N, atmosphere. The
obtained nanostructured pyrrhotite has a high specific surface area (SSA) due to its porous
structures (Chen et al., 2016; Chen et al., 2013b; Chen et al., 2014a). SSA is about 10 m*g" for
NPyr, and is less than 0.02 m*g" for original normal pyrite mineral (Chen et al., 2014b). The
larger surface area and porous structure of NPyr (Fig. 1.1b) can expose more functional groups
and facilitate a greater capacity and kinetic rate when NPyr is used to remove metals and
nutrients from wastewater. Therefore, it’s worth investigating the applications of natural and
synthesized nanostructured iron sulfides (i.e. nano-sized colloidal pyrite and NPyr) into the

removal of metals and nutrients.
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Figure 1.1: FE-SEM micrographs of the natural colloidal pyrite (a) and the nanostructured pyrrhotite (b)

1.2 Research Objectives

The primary aim of this research is to explore the application of natural nano-sized colloidal
pyrite and NPyr as functional materials for the removal of metals and nutrients from

wastewater and to study the removal mechanisms.

The specific objectives for the application of colloidal pyrite and NPyr into metal removal
include:
1) to evaluate metal removal from wastewater by natural colloidal pyrite.
2) to investigate the sorption capacities and mechanisms of NPyr for metal removal from
solutions containing single metal or multi—metals.

3) to evaluate the efficiency of NPyr in metal removal and recovery from real AMD.

For the application of NPyr as biofilm substratum in nanostructured PADBs into nutrient

removal from wastewater, the specific objectives are:
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1) to investigate the mechanisms and performance of simultaneous nitrogen (N) and

phosphorus (P) removal in nanostructured PADBs at different HRTs.

2) to operate PADBs with real secondary municipal effluent collected from a local

municipal WWTP at different HRTS.

1.3  Contribution to Knowledge

The core value of this Ph.D. study is to use pyrite (FeS,) and pyrrhotite (Fe, S) as
environmental materials, in line with the national and European waste management policies to
move towards a more resource-efficient and circular economy. In order to increase the SSA of
natural iron sulfides, a simple method was developed to synthesize NPyr with porous
structures. The NPyr should have increased efficiencies in metal and nutrient removals from
wastewater than natural iron sulfides, and is worthy of investigation. This Ph.D. research is the
first to systematically assess NPyr efficiencies in contaminant removal and to explore the
mechanisms associated. Therefore, this research will make significant contributions to

environmental research.

1.4 Procedures

The research contents consisted of synthesis of nanostructured iron sulfides, conducting
laboratory-scale trials testing metal and nutrient removals, and characterization of iron sulfides
using a series of techniques (Fig. 1.2). The procedures are briefed here, but will be detailed in

individual chapters.
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Figure 1.2: Research procedure

1.4.1 Synthesis of nanostructured pyrrhotite

Natural colloidal pyrite and pyrite minerals were collected from Xingiao Mine of Tongling City
in Anhui Province, China. The preparation of NPyr sorbents followed the method described
by Chen et al. (2014b). The obtained NPyr particles were then stored in a vacuum desiccator

until use.

1.4.2 Continuous column trials

The removal of metals and nutrients was studied with fixed-bed column reactors in laboratory-
scale at room temperature. 50 g of iron sulfide particles were added into the columns (Fig. 1.3).
When investigating metal removal, synthetic metal wastewater, and real AMD wastewater
which was collected from a pond of Xiangshan Mine located in Ma’an Shan, Anhui, China,
were pumped to the column reactors and treated. For nutrient removal, real secondary

municipal effluent was collected from a local municipal WWTP in Galway, Ireland, and was
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treated in nanostructured PADB where NPyr was used as the biofilm substratum for
autotrophic denitrification. The description of these experimental systems is detailed in

individual chapters.

Continuous
column
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‘Wastewater

Pump system
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Figure 1.3: Experimental set-up of continuous column reactors for metal and nutrient removal

1.4.3 Characterization of iron sulfides

The original and used iron sulfides sampled after the trials were analysed using a number of
techniques (Fig. 1.2). The chemical and mineralogical composition of iron sulfides were
determined by X ray fluorescence (XRF) (Shimadzu—1800, Japan) and X—ray diffraction (XRD)
(Dandong Haoyuan DX-2700, China). The surface morphology and chemical composition of
iron sulfides were characterized by scanning electron microscopy (SEM) integrated with energy
dispersive X—ray spectrometer (EDX) analysis (SEM—EDX, Hitachi §—4700, Japan). In
addition, the outermost few nanometres layer of iron sulfides’ surface was determined using

X-—ray photoelectron spectroscopy (XPS, Thermo ESCALAB-250, America). High resolution
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transmission electron microscopy with energy dispersive X—ray (EDX) (HRTEM, JEOL-
2100F, Japan) was used to determine the morphology, structure, element distribution of iron
sulfides. High-throughput sequencing of 16S rRNA genes via the Illumina Miseq platform was
used to investigate the bacterial community in the biofilm grown on NPyr in the

nanostructured PADB.

1.5 Structure of Dissertation

This dissertation comprises 8 chapters:

Chapter 2 reviews the physicochemical properties of iron sulfides and their application for

wastewater treatment.

Chapter 3 investigates Cu removal by natural colloidal pyrite waste rocks from synthetic low—

concentration Cu wastewatet.

Chapter 4 studies the removal and recovery of Cu, Pb, Cd, and Zn from single and multi—

metal solutions by NPyr.
Chapter 5 explores Cu removal and recovery from real AMD by NPyr.

Chapter 6 presents an efficient and cost-effective method to enrich sulfur-based autotrophic

denitrifiers from anaerobic sludge collected from a local WWTP.

Chapter 7 evaluates simultaneous nitrogen and phosphorus removal in NPyr-packed biofilters

by autosulfurotrophic denitrification process.

Finally, Chapter 8 presents the conclusions drawn from all the lab studies described in

Chapters 3—7. Recommendations for further research are also put forward.
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Chapter 2

Literature Review
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2.1 Overview

This Chapter presents a review of physicochemical properties of natural and synthesized iron
sulfides (i.e. pyrite, pyrrhotite, and mackinawite), and of their applications into pollutant
removal from wastewater. These pollutants include toxic metals (i.e. lead, mercury, cadmium,
and hexavalent chromium) and metalloid (i.e. arsenic), radionuclides (i.e. uranium and
selenium), organic contaminants (i.e. chlorinated organic pollutants, benzene and polycyclic

aromatic hydrocarbons), and nutrients (i.e. nitrogen and phosphorus).

2.2 Introduction

Iron sulfide minerals include a diverse group of solids and dissolved complexes, such as pyrite
(FeS,, cubic), marcasite (FeS,, orthorombic), greigite (Fe,S, cubic), smythite (Fe,S,; hexagonal),
mackinawite (FeS,, 0<x<0.07, tetragonal), pyrrhotite (Fe, S, 0<x<0.125, monoclinic and

hexagonal), and troilite (FeS, hexagonal) (Rickard & Luther, 2007).

Pyrite and pyrrhotite are the most abundant in mantle rocks and meteorites. Mackinawite
mineral is only formed in strongly anoxic sediments, active hydrothermal systems or near the
midocean ridge (Mullet et al., 2002). Well-crystallized mackinawite is rarely found in sediments
(Mortse & Rickard, 2004), as mackinawite is prone to transformation to more stable phases like
pyrite and pyrrhotite. Therefore, some researchers have explored physicochemical and
biological approaches to synthesize mackinawite nanoparticles with high reactivity and
availability, such as reaction of sulfide solution with metallic iron or reaction of sulfide solution
with ferrous iron solution via sulfate reducing bacteria-assisted approach (Watson et al., 2000),
hydrothermal process (Widlera & Seward, 2002), dendrimer-stabilization (Shi et al., 2000),
chemical vapor condensation (Ha et al., 2006), biopolymer-stabilization (Xiong et al., 2009),
and high-energy mechanical milling (Chin et al, 2005). Amongst these methods, the
precipitation from an Fe’" solution by adding Na,S at a controlled pH is commonly used in the

laboratory (Lennie, 1995). Pyrite and pyrrhotite, the two most ubiquitous iron sulfide minerals,
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and mackinawite, laboratory synthesized nanocrystalline iron sulfide, have been extensively
investigated as representative iron sulfides in the removal of a variety of contaminants from
wastewater. The reducibility of surface iron and sulfur and functional groups (e.g. =S-H) on
iron sulfides have been used to remove inorganic contaminants (metals and radionuclides).
Iron sulfides, providing Fe*’, can act as catalyst for degrading organic contaminants
(chlorinated organic pollutants, benzene, and polycyclic aromatic hydrocarbons). Iron sulfides
also contain reduced sulfur which can support autotrophic denitrification to remove nutrients
(nitrogen and phosphorus). The overall goal of this chapter is to review the application of iron
sulfides into wastewater treatment, and to elucidate the removal/degradation efficiency and the

mechanism behind the removal of contaminants from wastewater by iron sulfides.

2.3 Physicochemical Propertites of Iron Sulfides

2.3.1 Structure and surface properties of iron sulfides

The crystal structures and the SEM micrographs of pyrite, pyrrhotite, and mackinawite are
shown in Fig. 2.1. Pyrite displays a NaCl-type structure (Fig. 2.1 a). The two S atoms which
form a dumbbell-shaped symmetry [S,]* structure are situated at the cube center and the
midpoints of cube edges, whereas the Fe atoms are located at the corners and face centers. The
average Fe—S distance is 2.26 A (Fujii et al., 1986). The strong S-S bond and the symmetric
cubic crystal structure render pyrite quite stable compared with pyrrhotite, which has Fe
vacancy geometries, and mackinawite, which is sulfur-deficient in crystal structures (Belzile et
al., 2004; Jeong et al., 2007). The SEM micrograph illustrates micrometer-scale particles in the

range of 30—100 pm in the pyrite particles (Fig. 2.1 b).

Pyrrhotite displays various superstructures based on a NiAs structure (Fig. 2.1 b), which is
caused by the ordered Fe vacancy geometries in the nonstoichiometric composition, with an

average Fe—Sdistance of 2.50 A (Belzile et al., 2004). Pyrrhotite has two basic subgroups: the
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hexagonal pyrrhotite, which tends to be iron-rich (in the range of 47.4-48.3 at.%) with an
empirical formula expressed as Fe,,S,;, and the monoclinic pyrrhotite, which tends to be iron-
poor (in the range of 46.5-46.8 at.%) with an empirical formula expressed as Fe,S;. SEM
micrograph of pyrrhotite shows only a fracture surface of a pyrrhotite particle at 10 um scale,

indicating pyrrhotite consists of bigger crystalline particles than pyrite particles (Fig. 2.1 d).

Ll | Rk
R o
1 —{J .
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Figure 2.1: Crystal structure elements and SEM micrographs of pyrite (a, b), pyrrhotite (c, d), and

mackinawite (e, f)

Mackinawite, a metastable sulfur-deficient iron sulfide, displays a tetragonal layer structure (Fig.
2.1 ¢) with each Fe atom coordinated by four S atoms, and the bonding length of Fe—S is 2.24
A (Jeong et al.,, 2007). A SEM micrograph of synthesized nanocrystalline mackinawite (Fig. 2.1
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f) reveals nanometer-sized particles are stacked irregularly, resulting in an intergranular porous
structure (Chen et al., 2015). The SSA of mackinawite is 424 + 130 m*g", significantly higher
than SSA of pyrite (i.e. 0.02-41 m>g") and pyrrhotite (i.e. 0.01-2.1 m*g") due to its

nanocrystalline structure (Jeong et al., 2008).

The basic physicochemical properties of pyrite, pyrrhotite, and mackinawite are listed in Table
2.1. Pyrite and mackinawite are weakly diamagnetic, while pyrrhotite is magnetic. The magnetic
properties of pyrrhotite are variable depending on the Fe/S ratio. Monoclinic pyrrhotite is
ferromagnetic with a magnetic susceptibility of 4973 X 10®° m”*kg; hexagonal pyrrhotite is
approximately antiferromagnetic (Chen et al., 2013b; Watson et al., 2000). This property of
pyrrhotite can be used to separate it from aqueous solutions by magnetic separation, and from

other minerals by magnetic flotation.

In aqueous solutions, iron sulfides have been identified to have at least two different functional
groups; they are surface hydroxyl (=Fe-OH) and sulthydryl functional groups (=S-H) (Bostick
& Fendorf, 2003; Mullet et al., 2004). =S-H bonds are dominant over =Fe-OH bonds at pH<
10 in solutions (Wolthers et al., 2005a). =S-H groups are Lewis bases, which have a great
affinity to Lewis acids, such as divalent metals (e.g. Hg”, Ccd*, Cu2+). Therefore, these metals
are expected to be adsorbed via surface complexation with =S-H functional groups on iron
sulfides (Jean & Bancroft, 1986; Jeong et al., 2010c; Moyes et al., 2002; Patterson et al., 1997),
and the details will be discussed in Section 2.3.1.1. The reductive surface iron and sulfur in iron
sulfides can reduce electron-poor metals like hexavalent chromium (Section 2.3.1.1) and redox-

sensitive radionuclides (Section 2.3.1.2) in wastewater, with production of oxidized surface iron

and sulfur species (e.g. Fe’'—O, Fe’'=S, and SO,%).
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Table 2.1: Basic structures and physicochemical properties of pyrite, pyrrhotite, and mackinawite

Physicochemical properties

Structure?
Iron sulfides Specific surface
Magnetism Others
area
0.02-41 m?g' P
Pyrite Cubic
diamagnetic Solubility: sparingly soluble;
(FeS»)
Active surface groups and
species:
0.01-2.1 m2gtec iron(IT) hydroxyl groups
Monoclinic (EFeOH), and sulfhydryl
Pyrrhotite Fe;Sg; groups (= SH); reduced Fe
magnetic and $ species;
(Fe1S) Hexagonal
Fe10S11 pHzpc: below pH 3.3¢
Mackinawite Tetragonal 276-424 + 130
diamagnetic
(FeS1) 8 m2gd

a: (Rickard & Luther, 2007) (Snowball & Torri, 1999);

b: (Behra et al,, 2001; Bostick & Fendorf, 2003; Bulut et al., 2013; Chen et al., 2014b; Han et al., 2013; Kang et al.,
2011; Yang et al., 2014a)

c: (Chirita & Rimstidt, 2014; Janzen et al., 2000)
d: (Jeong et al., 2008; Renock et al., 2009)

e: (Bebie et al., 1998; Kantar et al., 2015b; Lin & Huang, 2008; Widlera & Seward, 2002; Wolthers et al., 2005a)

Generally, iron sulfides themselves have low solubility and dissolution rates. The dissolution
rates of pyrite and pyrrhotite were in the range of 0-2 X 10°mol'm™s”'and 1 x 10°-2 x 10°
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mol'-m™s™ respectively, in deoxygenated HCIO, at a pH of 1 at 50 °C (Thomas et al., 2000). It
was much higher for mackinawite with up to 0.5 X 10~ mol'm™s™ in HCl at a pH of 2 (Chiritd
& Schlegel, 2015). When pH is below 3, a proton-promoted dissolution of pyrrhotite (Eq. 2.1)
and mackinawite (Eq. 2.2) results in production of H,S (Belzile et al., 2004; Chirita & Rimstidt,
2014; Ozverdi & Erdem, 2000).

Fe; .S+ 2(1—x)H" > (1 —x)Fe?* + (1 —x) H,S+xS° (2.1)

FeS;_x +2(1—x)H* - Fe?" + (1 —x) H,S 2.2)

The generated H,S can precipitate divalent metals (Me*', e.g. Hg*", Cu®’, Pb*", Cd*") from
aqueous solutions by forming metal sulfides (Ozverdi & Erdem, 20006), as described by Eq. 2.3.

H,S + Me?* - MeS + 2H* 2.3)

When pH is 23, the dissolution of iron sulfides in metal wastewater would be promoted due to
much lower solubility products (Ksp) of metal sulfides than iron sulfides. Consequently,
dissolved S* precipitates divalent metals in solutions as metal sulfides as described by Eq. 2.4
(Yang et al., 2014a). Metal removal from wastewater by iron sulfides via precipitation will be

discussed in Section 2.3.1.1.

Me?* + FeS — MeS + Fe?* 2.4)

The dissolved Fe** from iron sulfides can act as a catalyst in electro-Fenton degradation
process for degrading organic pollutants in wastewater, such as chlorinated organic pollutants,
benzene, and polycyclic aromatic hydrocarbons (PAHs), which will be discussed in Section

2.3.2. Sulfide (S*) in iron sulfides can donor electrons for sulfur oxidizing bacteria like
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autotrophic denitrifiers in iron sulfide based autotrophic denitrification processes to remove
NO; from wastewater, which is discussed in Section 2.3.3 (Bosch et al., 2012; Jorgensen et al.,

2009; Pu et al., 2014; Torrento et al., 2010; Torrento et al., 2011).

2.3.2 Ogxidation of iron sulfides in aqueous solutions

Oxygen and Fe’* are two important oxidants for iron sulfide aqueous oxidation, and Fe’" has
been confirmed to be a more aggressive and reactive oxidant than O, for iron sulfides at all pH
values (Chandra & Gerson, 2010). Janzen et al. (2000) compared the mean aqueous oxidation
rate of pyrrhotite by Fe’* and O,. It was 4x10” + 6x10" mol- m”-s' by O,, and 3.5x10° +
1.5%10” mol m™+s" by Fe’" at an initial Fe concentration of 2X10* mol- L' anda pH of 2.75.
When O, is the primary oxidant, the overall oxidation of iron sulfides is generally described by

Eqgs. 2. 5-7 (Belzile et al., 2004; Chandra & Gerson, 2010).

FeS, + 20, + H,0 - Fe?* + 2503~ + 2H* 2.5)
Fe, S+ (2 - %x) 0, + xH,0 > (1 — x)Fe?* + S0%™ + 2x H* (2.6)

FeSy_ +2(1-X)0; + —"H,0 > —*Fe?* + (1-x)S03” + (1 —x) H* (2.7)

Fe?' resulting from the oxidation of iron sulfides is further oxidized to Fe*" as described in Eq.

2.8.

Fe* +20, + H* > Fe** + - H,0 2.8)

The produced Fe’* can in turn oxidize iron sulfides more aggressively in Egs. 2. (9-11).
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FeS, + 14 Fe3* + 8 H,0 — 15 Fe?* + 2502~ + 16 H* @.9)
Fe;_S + (8 — 2x) Fe3* + 4 H,0 — (9 — 3x) Fe?* + SO~ + 8H™ (2.10)

FeS;_, + (8 — 6x)Fe®* + 4(1 — x)H,0 — (9 — 6x)Fe?" + (1 —x)S03™ + 8(1 —x)H'" (2.11)

The oxidation state of sulfur increases stepwise, resulting in production of sulfur/sulfoxy
species such as elemental sulfur (S), polysulfides (S,”), thiosulfate (S,0,%), and sulfate (SO,)
(Chandra & Gerson, 2010; Rimstidt & Vaughan, 2003).

Oxidized products of iron include iron oxides (Fe,O;, Fe,O,), ferric oxyhydroxides (Fe(OH),),
and ferric (hydroxy)sulfates (Fe,,O,((OH),,(SO,),) (Chirita et al, 2008). The formation of
oxidation/intermediate products of iron sulfides is not only influenced by iton sulfides’ grain
sizes, crystal structures, and SSA, but also by the type and concentration of oxidants, solution
redox potentials (Eh), temperature, and solution pH (Chandra & Gerson, 2011; Nicholson &
Scharer, 1994; Nicol et al., 2013; Rickard & Luther, 2007; Sun et al., 2015). Oxidation products
like ferrous sulfate (FeSO,), ferric sulfate (Fe,(SO,);), and Fe(OH)(SO,)-xH,O are formed
during the oxidation of iron sulfides at temperatures lower than 600-650 °C (Hu et al., 2000;
Steger, 1982). An increase in temperature improves oxidation kinetics, which follows the
Arrhenius behaviour (i.e. the oxidation rate increases with the increasing temperature) (Belzile
et al., 2004). Studies have shown that low pH of 0-2 would not significantly influence pyrite’s
oxidation kinetics (Chandra & Gerson, 2010; Garrels & Thompson, 1960). A remarkable
transition of the main oxidation products occurs when the final pH is around 4: the products
are ferric (hydroxy)sulfates when pH is below 4, and are ferric oxyhydroxides when pH is
above 4 (Bonnissel-Gissinger et al., 2001; Todd et al., 2003a). The formed Fe-oxyhydroxides
(i.e. goethite (a-FeOOH)) have a high SSA of 10—132 m*g" and have surface hydroxyl groups
(—OH) as effective adsorption sites (Liu et al., 2014a). Fe-oxyhydroxides also have positive

surface charges in most solutions as their point of zero charge (pH, ) is about 9 (Sahoo et al,,

zpc)

2013). Therefore, Fe-oxyhydroxides can adsorb negatively charged inorganic oxyanions in
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wastewater, like arsenic (Section 2.4.1) and phosphate (Section 2.4.4.2) (Chen et al., 2014b; Li
etal, 2014b).

2.4 Application of Iron Sulfides into Wastewater Treatment

2.41 Removal of inorganic pollutants

2.4.1.1 Removal of toxic metals and metalloid

Toxic metal/metalloid wastewaters generated from the rapid development of industrial
activities such as metal plating, mining operations, tanneries, batteries, paper industries, etc.,
are an ecological and environmental concern. Commonly found highly toxic metals include
lead (Pb), mercury (Hg), cadmium (Cd), hexavalent chromium (Cr), and arsenic (As) a
metalloid which usually exists as its oxidized species-arsenite (As’" as H,AsOs, H,AsO;,
HAsO,”) and arsenate (As™" as H;AsO,, H,AsO,, HAsO,”) (Bulut et al., 2013). These elements
are the top five in the Priority List of Hazardous Substances in 2015 by the U.S. Agency for
Toxic Substances and Disease Registry which excludes organic toxicants (ATSDR, 2015).
There are various methods to remove these metals and metalloid from wastewater, such as
chemical precipitation, ionic exchange, biological uptake, and electrochemical processes.
Among these methods, chemical hydroxide precipitation is widely used, but a large volume of
hazardous metal-rich sludge is generated and separation of the sludge from wastewater is
difficult (Chen et al., 2014a). Ionic exchange and electro-chemical treatment have high initial
capital investment costs and high operation costs, restricting their applications (Fu & Wang,
2011). Biological uptake is strongly affected by the properties of the wastewater to be treated
(Tetsuro & Shuzo, 2012). Nowadays, many studies are focused on the development of new

and efficient sorbents from cost-effective materials for removal of metals and metalloid.
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Iron sulfides have been widely investigated in recent decades as low-cost and easily available
sorbents for metals and metalloid from wastewater. The dominant mechanisms of metals and
metalloid removal by iron sulfides can be classified into: adsorption (Borah & Senapati, 2000;
Bostick & Fendorf, 2003; Jean & Bancroft, 1986), dissolution/ precipitation (Chen et al.,
2013b; Jeong et al., 2007), and reduction (Kantar et al., 2015a; Lin & Huang, 2008; Lu et al,,
2000). Table 2.2 summarizes the sorption efficiencies and dominant mechanisms of metals and

metalloid removal from wastewater using iron sulfides.

Table 2.2: Efficiencies and main mechanisms of metal and metalloid removal by iron sulfides

Main Iron sulfides SSA Target pH Initial Removal References
Mechanism (2 elements Concentrations  capacities
m? g
D (mg1h (mg g
Adsorption Pyrite 0.42 Hg?* 6.4 0.4-8 2 (Behra et al., 2001; Bower et al.,
2008)

Pyrite 0.42 Hg?* 4.1 0.4-8 1.23 (Bower et al., 2008)
Pyrite 0.42 Hg?* 10.4 0.4-8 3.5 (Bower et al., 2008)
Pyrite n Cd2* 6 100 2.08 (Etdem & Ozverdi, 2006)
Pyrrhotite n Hg?* 4.0 1-200 80.9 (Brown et al., 1979)
Synthetic 284 Hg?* 5.5- 1003 88.25 (Jeong et al., 2007)
mackinawite 6.0
Synthetic 350 As3* 7.2 2.24 9.75

mackinawite

(Wolthers et al., 2005b)

Synthetic 350 As>* 7.4 2.24 32.25
mackinawite
Precipitation ~ Synthetic pyrite 41 As>* 7 0-18.73 17.32 (Bostick & Fendotf, 2003)
Synthetic pyrite  n As3* 10 0.6-63.4 20.1
(Han et al,, 2013)
Synthetic pyrite  n As>* 9.0 0.5-53.4 12.9
Synthetic n Cu?* 5 100 84 (Chen et al., 2014a)
pyrrhotite
Synthetic 6.86-10  Pb** 5 100 73.68
pyrrhotite
(Yang et al., 2014a)
Synthetic 6.86-10 Cd 5 100 8.42
pyrrhotite
Reduction Pyrite 413 Cro* 5.5 10 0.62 (Liu et al,, 2015)
Pyrrhotite n Cro* 1-10 52 0.24 (Lu et al., 2006)
Synthetic n Cro* 5 5.2-312 240 (Mullet et al., 2004)
mackinawite
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Adsorption

Since 1979, researchers have found iron sulfide minerals (pyrite and pyrrhotite) are excellent
adsorbents for metals and metalloids. Divalent metals like Pb**, Zn*", Cd**, and Hg2+ can be
adsorbed on iron sulfides by forming inner sphere ion—surface complexes (Brown et al., 1979;
Jean & Bancroft, 1986; Watson et al., 1995); As** and As’" adsorption on iron sulfides shows
primary coordination to four oxygens (As-O) with further iron and sulfur shells under
anaerobic conditions (Farquhar et al., 2002); arsenic can also be immobilized by bidentate-type
edge-sharing and double-corner sharing surface complexes with Fe (oxyhydr)oxides, a product

of iron sulfides oxidation (Bulut et al., 2013; Jeong et al., 2010b).

The adsorption capacity is determined by the availability and density of reactive sites (e.g., =S-
H groups) on iron sulfides’ surface (Jeong et al., 2007; Watson et al., 1995). Therefore,
synthesized mackinawite which have a high SSA of 424 + 130 m*g' compared with natural
pyrite (0.02—41 m*g") is expected to be efficient in metal and metalloid removal (Table 2.2).
The maximum adsorption capacity was higher (9.47 mg Cd*"/g) for synthesized iron sulfides
than pyrite (3.43 mg Cd*'/g) (Erdem & Ozverdi, 2006). The same tendency was found for As
adsorption on mackinawite and pyrite, with the adsorption capacities being 1.19 mg As*"-g"
and 1.39 mg As’"g"! for mackinawite, and only 0.36 mg As’"-g" and 0.43 mg As*"-g" for pyrite,
respectively, at an initial As concentration of 15 mgl." (Farquhar et al., 2002). A faster and
higher extent of As’* removal than As’* removal by both pyrite and mackinawite was found
(Couture et al., 2013; Han et al., 2013; Wolthers et al., 2005b). Han et al. (2013) observed a
complete As’" removal within 30 min and 95% of As’" removal after 180 min. The logarithm
of the equilibrium constant (log Keq) which is the parameter to indicate the extent of the
reaction was estimated to be 0.5 and 0.7 for As’* and As’* onto mackinawite, respectively

(Couture et al., 2013).
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The adsorption of metals on iron sulfides is a function of pH, temperature, adsorbent dosages,
contact time, and initial metal/metalloid concentrations (Borah & Senapati, 2006; Erdem &
Ozverdi, 2006; Ozverdi & Erdem, 2006). Among these factors, pH plays a crucial role. Too
low pH leads to dissolution of pyrrhotite and mackinawite (as in Eqs. 2.1-2), and too high pH
results in hydrolysis of metals impacting the adsorption mechanisms. At acidic pH of < 3.5,
surface complexes between Hg and pyritic sulfur like =S-Hg-OH are formed on pyrite’s
surface; at pH > 3.5, Fe (hydr)oxides and surface complexes between Hg and both oxides and
pytitic sulfur are formed (Behra et al., 2001; Bower et al., 2008). The sorption capacity is
enhanced with the increase in pH (i.e. 4.1, 6.4, and 10.4) when pH is above pHzpc (i.e. 3.3) for
pytite (Table 2.2). Bower et al. (2008) observed the highest sorption capacity on pyrite with 3.5
mg Hg*"g"'at a pH of 10.4, 2.0 mg Hg*"-g " at a pH of 6.4, and 1.23 mg Hg*"-g" at a pH of 4.1.
The increasing sorption capacity with the studied pH is attributed to a deeper level of

negatively charged iron sulfides’ surface by increasing pH when pH was above pHzpc.

Precipitation

Removal of divalent metals by iron sulfides via precipitation of metal sulfides can mainly be
achieved by two mechanisms as discussed in Section 2.2. Differences in Ksp values between
iron sulfides and other metal drive the precipitation of these metals by iron sulfides. Ksp of
HgS, CuS, PbS, CdS, and ZnS is 1.4x107°, 1.2x107, 3.4x107, 3.6X107, and 1.2x107%,
respectively, much lower than Ksp of FeS, 1.5%107" (Yang et al., 2014a). Precipitation of HgS
is the primary mechanism of Hg®" removal on mackinawite when the adsorption capacity of
Hg*" reaches saturation (Jeong et al., 2007; Jeong et al., 2010c). The maximum removal
capacity was 1641 mg Hg(Il)-g FeS™', and precipitation accounted for 77% of the total Hg
removal (Liu et al., 2008). Divalent metals with lower Ksp of their metal sulfides have a higher
priority to precipitate on iron sulfides’ surface. For instance, Cu is easier to be removed by iron

sulfides via the precipitation of CuS than Pb, Zn and Cd (Yang et al., 2014a).
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At a high As’" concentration of 37.5 mg-l." and under acidic conditions, As> is removed by
reduction followed by precipitation of realgar (AsS) on the surface of iron sulfides (Gallegos et
al., 2007). Besides precipitation as arsenic sulfides (e.g., realgar (AsS) and orpiment (As,S;)),
another type of precipitation is by the formation of surface precipitates like arsenopyrite
(FeAsS) by a substitution of As for S with the formation of As—Fe bonds for As removal
(Bostick & Fendorf, 2003; Bulut et al., 2013; Couture et al.,, 2013; Gallegos et al., 2008;
Gallegos et al., 2007; Liu et al., 2016; Renock et al., 2009). However, As™ removal due to
precipitation decreases with an increase in pH when it’s above 6 as the solubilities of iron
sulfides decrease, and a formation of adsorbed surface complexes would dominate, which has

been discussed above.

Besides surface precipitation for metal removal, disproportionation may occur at highly
reactive defect Fe or S surface sites on iron sulfides. The surface defect structures may
promote metal removal by serving as centers for electron transfer via disproportionation,

which results in the formation of various surface species on defect surfaces, such as Fe™

sulfides and polysulfides (S,”, n=2, 3, ...... » 9) (Bostick & Fendorf, 2003). For example,

besides precipitation of CdS, Cd sorption on pyrite involves surface reconstruction of FeS, and
sulfur disproportionation during Cd sorption, which leads to the formation of elemental S and

Fe(OH); as in Eq. 2.12 (Bostick et al., 2000).

Cd** + FeS, + H,0 > Fe(OH); + CdS + S + HY (2.12)

Reduction

Iron sulfides can reduce Ct*" to less toxic Cr’" species due to reduced iron and sulfur in their
crystal structures (Boursiquot et al., 2002; Demoisson et al., 2007; Doyle et al., 2004; Lin &
Huang, 2008; Lu et al., 20006; Patterson et al., 1997; Zouboulis et al., 1995). Iron sulfides have

been explored as functional materials for permeable reactive barriers (PRBs) for remediation of

45



Literature Review

Cr-contaminated groundwater (Kantar et al., 2015b; Liu et al., 2015). Generally, Cr*" reduction
reaction by iron sulfides takes place in two distinct stages, each consisting of multiple steps.
Iron sulfides are first dissolved in acidic solutions releasing Fe*" and S, or $* ions, followed
by the adsorption of Cr*" as Cr,0,” or CrO,” onto the iron sulfides’ surface. Then the
adsorbed Cr®" is reduced to Cr’" by iron and sulfide species at the surface of iron sulfides.
Finally Cr’* precipitates mainly as Fe**-containing Ct’*-hydroxide solid phases (Cr,Fe, )(OH),)
and SO,” species (Boursiquot et al., 2002; Doyle et al., 2004; Lin & Huang, 2008; Lu et al.,
2000; Patterson et al., 1997; Zouboulis et al., 1995). More surface precipitates are formed on
iron sulfides at higher Cr®" concentrations, pH values, and dissolved oxygen (DO)

concentrations, which inhibit Ct*

removal by iron sulfides (Kantar et al., 2015b; Liu et al.,
2015). A stronger passivation of precipitates is formed at higher pH values for Cr*" reduction
by mackinawite. Mullet et al. (2004) found a lower removal capacity at a pH of 5 (240 mg Cr®*
g FeS, ) than at a pH of 7 (130 mg Cr*" g FeS, ). Therefore, a number of improvements in

minimizing the formation of a passivating layer on iron sulfides’ surface have been utilized to

improve Cr*" reduction efficiency, such as using natural and/or synthetic complexing ligands.

~

The efficiencies of organic ligands are in the order of citrate > tartrate = oxalate > EDTA >

salicylate on Cr®" removal by pyrite (Kantar et al., 2015a).

2.4.2 Removal of radionuclides

Radioactive waste is generated in nuclear power plants and its environmental risks are caused
by their high radioactivity and long half-lives, which are strongly governed by redox conditions
and their solubility and complexation behaviors in aqueous systems. Iron sulfides can adsorb
radionuclides and then reduce them to low solubility solids under reducing conditions. Lots of
studies have identified reduction species of radioactive elements on pyrite and mackinawite’s
surface using the X-ray absorption spectroscopy techniques (including X-ray absorption near-
edge spectroscopy-extended and X-ray absorption fine structure; XANES and EXAFS) to
understand the binding mechanisms. Reviews of these studies would give an insight to the

migration behaviour of radionuclides in aquifers in the presence of iron sulfides.
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However, further studies such as flow-through reactors are necessary to examine the long-term
stability and uptake capacity of radionuclides by iron sulfides as a function of pH, hydraulic
retention time (HRT), and dissolved oxygen (DO) concentration. Iron sulfides serve as
electron sources or O, scavengers upon O, intrusions (Bi & Hayes, 2014; Hyun et al., 2012).
Consequently, a weathered layer on the pyrite’s surface is formed prior to reactions, which
significantly limit the amount of radionuclide sorbed (Scott et al., 2007). Given that iron
sulfides in natural systems are more likely to have weathered surfaces, effective radionuclides

remediation by weathered iron sulfides needs to be studied further.

Similar to Ct*" removal by iron sulfides, reduction of radionuclides such as Uranium (U),
Selenium (Se), Plutonium (Pu), Neptunium (Np), and Technetium (Tc) by iron sulfides is
attributed to reduced Fe*" and S*” species in iron sulfides. The reduction species of radioactive
nuclides are presented in Table 2.3. Redox-sensitive radionuclides Se*" can be reduced to more
electron-rich Se species like Se” and Se** by iron sulfides with a production of oxidized surface
sulfur and iron species (Ma et al., 2014; Oasmaa et al., 2009). Kang et al. (2011) proposed a
dissolved Fe*" mediated electron transfer during reduction of aqueous Se*" by pyrite, explaining
an increased aqueous Se*" reduction rate at high pH values as the decrease in dissolved Fe®'.
Different from other radionuclide reductions, due to the similarities between the ionic radius
of selenide (' (Se*) = 1.98 A) and sulfide (r'' (S*) = 1.84 A) in the tetragonal crystal structures
of FeS and FeSe, Se can substitute S” in iron sulfides to form discrete surface precipitates (e.g.
FeSe or FeSe,) by a dynamical dissolution—recrystallization process (Finck et al., 2012; Moyes
et al., 2000; Oasmaa et al., 2009).

Unlike Se sorption on iron sulfides, reductions of U by iron sulfides is governed by the
surface S groups, yielding a mixture of U®"/U*" oxides(s) and polysulfides, and simultaneously
releasing Fe®' to solution by an exchange reaction with U®" under anoxic conditions (Hua &

Deng, 2008; Hyun et al,, 2012; Livens et al., 2004; Moyes et al., 2000; Scott et al., 2007,
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Veeramani et al., 2013; Wersin et al., 1994). An inertness of Fe®™ in iron sulfides for U®*
reduction was observed with no production of Fe’*—bearing phases following U®* reduction by
iron sulfides. Moreover, the inhibition role of surface—associated Fe*" was proposed for the
reduction of UO,”" in the acidic solutions on pyrite due to the electrostatic attraction of Fe**

and UO,”" cations at the iron sulfide/water interface (Yang et al., 2014b).
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Table 2.3: Summary of radionuclide removal by iron sulfides

Radionuclides Iron sulfides Initial Concentrations (mg L) pH Major products References

Se Pyrite Se** 48458 6.5 and 8.5 Se” and FeSe or FeSe,, Fe*"-0 and Fe**-S (Breynaert et al., 2008)
Pyrite Se™, 0.079 and 0.39 n Se’ (Bruggeman et al., 2005)
Pyrite Se*/Se™ 789.6 8.0 S (Curti et al., 2013)
Pyrite Se* 7896 45-6.6 Se (Kang et al., 2011)
Pyrite Se™* 789.6 2-10 Se”and FeSe (Naveau et al., 2007)
Pyrrhotite Se*, 31.58 4.0-6.5 Se? (Ma et al., 2014)
Mackinawite Se*, 78.2-717.7 4.0-6.6 Se’, Fe;Seg and FeSe (Scheinost & Charlet, 2008)
Mackinawite Se* 6.89-7.1 Dissolution—recrystallization, FeSe (Finck et al., 2012)

U Pyrite U, 476.4 3,4,55 UO,. solid phase and oxidized sulfur (Descostes et al., 2010)
Pyrite US* 5.61 48 U0, and U** form solid phase (Scott et al., 2007)
pyrite UF* 4764760 3.0-95 U505/U4O0g/U5O1/ Uz (Yang et al., 2014b)
Mackinawite ~ U°", 11.90 5-11 U309/UiO5/UO; and polysulfides, and Fe™™ oo o010)
Mackinawite U®,119.01-1190.1 6.7-7.0 U305 /UO, (Moyes et al., 2000)
Mackinawite U, 238.02 7.0 Nanoparticulate UO,, SO,*, Fe*" (Veeramani et al., 2013)

PU Mackinawite PU™*, 3.17 £0.24 8 PuO, (Kirsch et al., 2011)

" Mackinawite _ Np>, 63.99-649.38 7-8 Np(OH), (Moyes et al., 2002)

Te Mackinawite Tc™* TcS, (Livens et al., 2004; Wharton et al., 2000)
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2.4.3 Removal of organic pollutants

Organic contaminants in water bodies result from anthropogenic agricultural and
industrialization activities. Some of them are poorly biodegradable and recalcitrant to
conventional biological and physicochemical treatments. In the last decades, iron sulfide
Fenton process (Egs. 2.13—14) in which iron sulfides are used as heterogeneous catalysts have
been explored to boost the degradation of recalcitrant organic pollutants including chlorinated
organic compounds, benzene, and PAHs, which are summarized in Table 2.4. There are two
main advantages of using iron sulfides as catalysts in Fenton process: i) a long durability
compared with classic Fenton process. Fe’* produced according to Egs. 2.13-14 is reduced on
the iron sulfides’ surface (Eqgs. 2.9-11) , generating Fe*" back to the systems (Che et al., 2011),
and ii) dissolved Fe*" and H" from iron sulfides leads to self-regulation of a conducive pH.
Hence, the necessity to adjust pH to 3 in conventional Fenton process to maintain the catalytic

efficiency of Fe’* is avoided.

FeS,/Fe;_,S/FeS + H,0, - Fe3* + H,0 + SO~ + H* (2.13)

Fe?* + H,0, - Fe3* + OH™ +OH> (2.14)

50



Table 2.4: Literature summary of organic contaminant removal by iron sulfide Fenton process

Iron sulfides

Maximum degradation rate

Major Reduction Products

Types of pollutants Specific pollutants constant (h-1) References
Hexachloroethane Mackinawite 2.5%1.0 Tetrachloroethylene (Butler & Hayes, 1997);
Tetrachloroethylene Mackinawite (3.84£0.27) x 103 Trichloroethylene, Acetylene (Butler & Hayes, 1999;
Jeong & Hayes, 2007);
Catbon tetrachloride Mackinawite 1.24£0.266 Chloroform (Choi et al., 2009);
1,1,1-trichloroethane Mackinawite 0.0375%0.0018 1,1- dichloroethane and ethylene
Chlorinated  organic . g
compounds p-chloroaniline Pyrite B B (Zhang et al., 2015)
Pyrite (1.49£ 0.14) x 103 - (Che, Bae, & Lee, 2011;
Hayes, 1999;
Trichloroethylen Mackina\yiteAcoated iron 1.76 £ 0.03 - (Kim et al.,, 2013)
nanoparticles
Mackinawite 248 £0.16) x 103 Acetylene (Jeong & Hayes, 2007)
Toluene Pyrite - - (Choi et al., 2014a)
Nitrob Pyrit 1.506 Zh tal, 2014
Benzene rrobenzene yute Nitrosobenzene, phenylhydroxyla- (“hang etal, )
mine and aniline
. . Pyrene (cetylpyridinium chloride- Pyrite 1.164 CO; (Choi et al., 2014b)
Polycyclic  aromatic aided) ’
hydrocarbons
Diclofenac Pyrite - Otganic acids, HCl, and CO> (Bac et al., 2013)
copper phthalocyanine Pyrite nanoparticles 0.07 - (Gil-Lozano et al., 2014)
4-amino-3-hydroxy-2-p-tolylazo- Pyrite - - (Labiadh et al., 2015)
naphthalene-1-sulfonic acid (AHPS)
Others Tyrosol Pyrite 15-24.6 Oxalic acid (Ammar et al,, 2015)
Herbicide 2,4-dichlorophenoxyacetic ~ Mackinawite 1.284 . (Chen et al., 2015)
. Acetic
acid (2,4-D)
Acid, formic acid, and oxalic acid
COD and colour (Landfill leachate) Pyrrhotite - - (Li et al,, 2010)
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Iron sulfides provide sufficient Fe’* which can eliminate the need to add soluble iron salts for
conventional Fenton process. In addition, a continuous in-situ electro—generation of H,O,
instead of adding commercial H,O, can be achieved by bubbling with compressed air via

reduction of dissolved oxygen in iron sulfide electron—Fenton process (Fig. 2.2) (Ammar et al,,
2015; Labiadh et al., 2015). H,O, produces hydroxyl radical (HO®) and other radicals such as
hydroperoxyl radical (OOH?®) and superoxide radical (O,*—) (Bissey et al., 2006). HO* (2.76 V)
is an acknowledged strong oxidant for successful degradation of environmental contaminants
(Zhang et al., 2015), and OOHe (1.78 V) does not significantly affect the degradation kinetics
of organic pollutants due to its low oxidation potential (Bae et al., 2013; Smith et al., 2004).
Nevertheless, the role of O,»— (-2.4 V), which is involved in producing more H,O, and
mediates the generation of OH’ by iron sulfides (Zhang et al., 2015), in degradation of organic
contaminants is inconsistent. O,*— was reported to play a key role in reducing organic
contaminants such as carbon tetrachloride and p—chloroaniline (Che & Lee, 2011; Teel &
Watts, 2002; Zhang et al., 2015). However, Bae et al. (2013) found that degradation kinetics of
diclofenac in the pyrite Fenton process showed no differences with/without adding O,*—
scavenger (i.e. chloroform). Further research is necessary to find out how O,*— works in the

degradation of organic pollutants.
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Figure 2.2: Scheme of the experimental set-up of iron sulfide electro-Fenton process

(adapted from Oturan et al. (2008))

2.4.4 Removal of nutrients

2.4.4.1 Removal of nitrate

High concentrations of nitrate (NO;") in water cause eutrophication which is one of the most
widespread water environmental issues. Furthermore, NO, ™ in drinking water may be reduced
to NO, by gastrointestinal bacteria and then undergo nitrosation reactions to produce highly
carcinogenic N-nitroso compounds (Shao et al, 2010). At present, the most common
technology for NO; removal from wastewater is biological heterotrophic denitrification, in
which organic carbon is used as the electron donor for NO; reduction (Li et al., 2008).
However, if waters lack low biodegradable carbon substrates like groundwater and secondary
treated municipal wastewater, the efficiency of heterotrophic denitrification is constrained.
Thus, autotrophic denitrification using inorganic carbon (e.g. CO,) provides an alternative for
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NO; removal. Autotrophic denitrification also has the advantages of lower operation costs, as
well as less sludge production and carry-over of organic carbon to the effluent compared with
heterotrophic denitrification. Sulfur-based autotrophic denitrification utilizes reduced sulfur
compounds as electron donors, such as soluble thiosulfate (S,0,%), and insoluble elemental

sulfur (S) and iron sulfides (Shao et al., 2010).

Iron sulfides have been found as efficient electron donors for sulfur oxidizing bacteria, such as
Acidithiobacillus Thiooxidans and Thiobacillus Denitrificans, for autotrophic denitrification treating
nitrate-contaminated wastewater as described by Eqs. 2. 15-16 (Bosch et al., 2012; Haaijer et al.,
2007; Jorgensen et al., 2009; Li et al., 2013b; Pu et al., 2014; Schippers & Jorgensen, 2002;
Torrenté et al., 2010; Torrent6 et al., 2011). Furthermore, hydrolysis of dissolved S* generates
OH’ which can buffer H" resulting from iron sulfides based autotrophic denitrification (Li et
al., 2013b; Pu et al., 2014). Therefore, there is no need to add alkaline reagents like limestone
to neutralize the produced acidity, which is inevitable in element-sulfur-based autotrophic

denitrification.

However, autotrophic denitrification based on natural iron sulfide minerals is rarely applied in

practice due to its low denitrification rate, which is much lower than that of heterotrophic
denitrification with 2.65 X 10° mg NO,—N kg =~ d™' (Koenig & Liu, 2001). The autotrophic
denitrification rate was only 7.56 mg NO;—-N kg~ d'in biofilters filled with natural pyrite

particles (diameter, 50—100 um) at a HRT of 11.6 h (Torrent6 et al., 2010).

2FeS, + 6 NO3 + 4 H,0 > 4S03~ +3 N, + 2H"' + 2 Fe(OH); (2.15)

10 FeS + 18 NO3 + 16 H,0 - 10S03™ + 9N, + 2H" + 10 Fe(OH); (2.16)
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2.4.4.2 Removal of phosphorus

Previous studies have reported that P can be removed by natural pyrrhotite via chemisorption
according to Eq. 2.17, and the maximum adsorption capacity was 0.79-1.15 mg P -g’
pytrrhotite at 11.3-29 °C (Li et al., 2013a). By calcining pyrite/ limonite (FeO(OH) -nH,O) and
pyrite under an N, atmosphere at 600—650°C, the formed nanostructured pyrrhotite (NPyr)

has a maximum P sorption capacity at 15-35 °C of 1.61-5.36 mg P-g"' NPyr (Chen et al., 2016;
Chen et al., 2014b). Baken et al. (2015) also found that phosphate can be removed by forming

iron phosphate precipitates on iron sulfides’ surface as described by Eq. 2.18.

pPO}~ + Fe,(OH),, - Fe,(OH),, - (PO,), { (2.17)

Fe3* + PO}~ - FePO, | (2.18)

2.4.4.3 Simultaneous removal of nitrogen and phosphorus

In iron sulfide—based autotrophic denitrification processes (Section 2.4.4.1), autotrophic
denitrifiers such as Thiobacillus Denitrificans, Thiobacillus Thiooxidans, and Thiobacillus Ferrooxidans
have the ability to catalyze the oxidation of iron sulfides and formation of ferric iron
hydroxides by increasing the kinetics of oxidation of Fe** to Fe’* in solutions (Belzile et al.,
2004; Bosch et al., 2012). Therefore, it is easy to hypothesize that iron sulfides could act as
phosphorus scavenger via adsorption and precipitation on the surface of iron sulfides during

iron sulfide-based autotrophic denitrification processes.

Liu et al. (2012) used biofilters added with pyrite: limestone to treat real secondary municipal
effluent with concentration of NO;-N of 25.5 mg'L." and TP of 4.2 mg'L." at a HRT of 5 d,
and effluent concentrations of N of 0.94 mg-L." and P of 0.04 mg'L." was achieved (Table 2.5).
Li et al. (2016) proposed pyrrhotite autotrophic denitrification biofilter (PADB) technology for

simultaneous N and P removal from municipal wastewater treatment plant secondary effluent.
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Effluent N and P was 1.9 mg'L" and 0.3 mg'L." when treating real secondary municipal
effluent with N of 21.1 mg'L" and P of 2.6 mg'L" at a HRT of 24 h by PADB technology.
However, long HRTs of up to 24 h were required in natural iron sulfide biofilters, making it
impractical to be applied in mainstream WWTPs. Thus, it’s essential to solve this engineering

issue by shortening HRTs.

Table 2.5: Nutrient removal by natural iron sulfide minerals-based autotrophic denitrification

Medium Medium HRT (h) N removal P removal References

size (mm) (%) (%)
Pyrite 0.05—0.1 11.6 100 — (Torrentd et al.,

2010)

Pyrite:Limestone <25 5d >90 100 (Liu et al., 2012)
(3-10:1, m/m)
Pyrrhotite 2-20 12-24 74-96 95-96 (Li et al., 2014a)
Pyrrhotite 2.36—5.12 24 91-95 87-95 (Li et al., 2010)

2.5 Summary

Pyrite (FeS,), pyrrhotite (Fe, S), and mackinawite (FeS, ) have been demonstrated as unique
and promising materials due to its physicochemical properties. Fig. 2.3 summarizes the
application of iron sulfides into the removal of inorganic toxic elements (As, Pb, Hg, Cd, and
Cr), radionuclides (U and Se), organic contaminants (chlorinated organic pollutants, benzene,
and polycyclic aromatic hydrocarbons), and nutrients (N and P) from wastewater and the
dominant mechanisms involved in the processes. To increase their reactivity and efficiencies,
natural nano-sized colloidal pyrite and synthesized NPyr with high SSA and porous structures

have been investigated for metal removal from wastewater, which will be discussed in Chapter
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3 and Chapters 4-5, respectively. By considering that NPyr has a higher SSA than natural iron
sulfides, it shall be a more efficient electron donor for autotrophic denitrifiers. The PADB
technology has been improved using NPyr as the biofilm substratum for autotrophic

denitrifiers, which will be discussed in Chapter 7.

Adsorption
Precipitation

Organic /ifon £
Pollutant
ot Providers \ BEhLIUEY Reduction

Electron
Donors
for Denitrifiers

Figure 2.3: Schematic model of reaction mechanisms of iron sulfides with various environmental

contaminants.
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Immobilization of Cu using CPWR

Chapter 3
Immobilization of Cu Under an Acid Leach of

Colloidal Pyrite Waste Rocks
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Immobilization of Cu using CPWR

3.1 Overview

This Chapter presents the efficiency of nature colloidal pyrite waste rocks (CPWR) for
removing low—concentration Cu (10 mg-L") under weakly acidic leach conditions (pH=5.0). A
fixed—bed column was used to investigate the weathering and oxidation of CPWR and its role

in immobilizing metals.

3.2 Introduction

The mixture of CPWR which are found dispersed in many igneous and metamorphic rocks
and are highly concentrated in certain ore deposits, such as in the bottom sediment of
Hercynian Carboniferous Huanglong group of the middle—lower Yangtze River metallogenic
belt in Eastern China. The colloidal pyrite and siderite are always deposited together in CPWR,
forming a unique deposition of paragenesis under a reducing environment (Kelly & Turneaure,
1970). At present, CPWR are generally considered as wastes and are disposed in mine wastes
and mill tailings. Weathering of CPWR leads to AMD. One of the outstanding environmental
issues in Burope is the release of excess metals from the continent around the Iberian Pyrite
Belt into the Atlantic Ocean, which is mainly caused by oxidation of iron sulfides in the Iberian
Pyrite Belt (Cerén et al., 2013; Sainz & Ruiz, 2006). The immobilization of toxic metals by
CPWR was studied in this chapter. Copper (Cu) was chosen for the immobilization of toxic
metals by CPWR because Cu containing minerals such as chalcopyrite (CuFeS,), chalcocite
(Cu,S), covellite (CuS), and bornite (Cu;FeS,) frequently deposit along with pyrite (FeS,) in ore
deposits (Chandra et al., 2012; Equeenuddin, 2014; Malakooti et al., 2013; Yousefi et al., 2014).
The co-occurrence of Cu-bearing minerals and iron sulfide minerals leads to a high
concentration of Cu in AMD (Malakooti et al., 2013). According to the best of our knowledge,
this study is a first remediation design to investigate the weathering and oxidation of CPWR,
and the role of CPWR in immobilizing Cu under an acid leach by a fixed—bed column, and to

explore whether it can be used as an economical material for Cu removal.
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3.3 Experimental Section

3.3.1 Experimental materials

The CPWR used in the column experiment were collected from Xingiao Mine of Tongling
City in Anhui Province, China. It was finely crushed and sieved (0.45-0.90 mm) in a laboratory
mill. The CPWR particles were soaked in 1% HCI for 12 h to remove any trace amounts of
iron oxide films formed on its surface, then rinsed with deionized water until the pH of water
was 7. The particles were dried in an O,—free glovebox and stored in a vacuum desiccator until

use.

Because Cu concentrations in actual AMD are usually in the range of 2-50 mg-L." (Motsi et al.,
2009; Romero et al., 2011; Sahinkaya et al., 2011b), 10 mg-L’1 was selected as the influent Cu
concentration value for the fixed-bed experiment. In order to prepare the influent solution,
stock solution of 1000 mg-L." Cu®" was prepared by dissolving CuCl, in distilled water. The
influent Cu solution was prepared by diluting the stock solution to 10 mg-L." with tap water.
The mine leachate usually has pH values of 2.1-6.6 (Grande et al., 2013). The pH value of the
influent solution for the column was adjusted to 5.0 using 0.1 M NaOH and HCI solutions by
considering two facts: (1) obvious competition between H' and Cu®" for binding sites on
CPWR sorbent should be avoided (Zhang, 2011); (2) Cu*" would be the dominant species and
Cu hydroxides were not expected to play a major role in solutions under this condition

(Martinez & McBride, 1998).

3.3.2 Batch experiments

Batch experiments were performed to find the impacts of contact time and initial pH on Cu
removal by CPWR. The experiment was conducted in 50 mL polypropylene centrifuge tubes
in triplicate. Controls without CPWR or Cu were run to account for possible losses resulting

from Cu sorption on tubes and any leaching of Cu from CPWR, respectively. The initial Cu
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concentration was 10 mg'L." by diluting CuCl, stock solution with deionized water. Each tube
contained 20 gL' of CPWR particles with a diameter of 0.45-0.90 mm. HCl and NaOH
solutions were used to adjust the initial pH of the solutions to 2—6. pH values below 6 were
chosen to avoid precipitation of Cu (hydr)oxides. The tubes were placed on a rotating shaker

with a rotation speed of 40 rpm to ensure complete mixing.

3.3.3 Column experiment

The CPWR column was made of a 50—cm-high transparent glass column with an internal
diameter of 10 mm (Fig. 1.3). The column was packed with 50 g of CPWR particles to a depth
of 22 c¢m, and the column packing density was 2.89 ¢ CPWR per mL working volume. A 10
cm thick layer of crushed glass was placed at both ends so as to prevent the sorbent particles
from flushing out of the column. The Cu solution was continuously pumped into the column
from the bottom using a peristaltic pump (Lange BQ50-1], China) at a flow rate of
approximately 11.5 mL h™". The porosity (%) of the CPWR was measured to be 38.7% and the
hydraulic retention time was calculated as 0.58 h in consideration of the filling volume of

CPWR, the porosity of the CPWR, and the flow rate, according to Eq.3.1.

Vin

HRT = - (.1

where: V, is the volume of the added medium in the column, mL; n is the porosity of the

added medium; and Q represents the influent flow rate in mL-h™.

The breakthrough of the columns was defined as when the Cu®" concentration in the effluent
of Column B exceeded 0.5 mgl.', which is the most strict discharge standard for Cu in
wastewater in China (GB 8978-1996, China), indicating that sufficient sorption was no longer

occurring. The trial was stopped at this point.
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3.3.4 Analytical techniques

The column effluent solution was collected at regular time and immediately filtered through
0.45 pm filter paper. The concentrations of Cu and other toxic metals (i.e. Cd and Pb) in the
filtrate were determined with an atomic absorption spectrophotometer (WYS2200, China). Cd
and Pb, which are primary contaminants in drinking water regulated by the Environmental
Protection Agency in U.S. (World Health Organization, 2005), were tested to know if there
were any potentially—leachable trace metals during the process. SO,” concentration in the
filtered effluent was examined using ion chromatography (WY6100, China). Fe*" concentration
in the filtrate was determined by the Ferrozine method (Stookey, 1970). pH was monitored
using a pH meter (pHS-3C, China). SSA of CPWR was measured using the BET-N,
adsorption method (Quantachrome NOVA 3000e, USA).

After the breakthrough occurred in the CPWR column, the column was first rinsed with
deionized water for 5 hours to remove free Cu®’ from the surface of CPWR particles. Then,
the column was sealed and placed in a freezer until it was completely frozen. The glass column
was gently hit by a hammer, and the glass was broken into pieces while the CPWR particles
were intact. Finally, the particles were segmented into 11 sections from bottom to top along
the column every 2 cm by a knife. The 11 samples were dried at 30 °C with nitrogen gas and
then analysed by a number of techniques: X—ray diffraction (XRD) (Dandong Haoyuan DX—
2700, China) for mineral compositions, X—ray fluorescence (XRF) (Shimadzu—1800, Japan) for
the contents of Fe and Cu, and field emission scanning electron microscopy (FE-SEM) with
energy dispersive X—ray (EDX) (Sirion—-200, America) for morphology and mapping of
different elements (i.e. O, S, Fe, Cu). A rapid oxidation status of the used CPWR samples
collected at different depths of the column was indicated by the determination of free iron
(refers to Fe in the form of iron oxides/hydroxides) which were extracted using the dithionite—

citrate—bicarbonate method (expressed by the percentage of Fe’*in the used CPWR) (Mehra &
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Jackson, 1960). Along with this, the siderite (FeCO;) content in CPWR samples was assessed
by a determination of generated CO, after completely dissolving CPWR samples in aqua regia
(MultiN/C2100, Germany). In addition, the species of Cu in each CPWR sample was analyzed
by means of sequential extraction: the fractions of exchangeable Cu, Cu bound to carbonates,

Cu bound to iron and manganese oxides, Cu bound to organic and sulfides, and residual Cu

(Rapln F., 1988; Tessier et al., 1979).

3.4 Results and Discussion

3.4.1 Characterization of fresh CPWR

The original CPWR contained 48.05% Fe, 41.08% S, 0.57% Ca, 1.98% Mg, 1.56% Mn, 0.42%
Cu, 0.29% Si, 0.25% Al, 0.18% Zn, and 0.01% As. The SSA of the CPWR was 0.63 m*g’.
XRD analysis of the CPWR samples showed that it was mainly composed of colloidal pyrite
and siderite (Fig. 3.1 a). The crystals of colloidal pyrite in CPWR were cubic and their grain
sizes were from nanometer to submicron, which were much smaller than that of normal pyrite
which has micrometer crystal sizes (Fig. 3-1 b). FeCO; content was estimated to be 22.75% in
the fresh CPWR samples. Siderite had micron rhombohedral morphology in the CPWR (Fig.
3.1 ¢). Therefore, it is reasonable to hypothesize that the dissolution and oxidation of siderite

would likely occur after colloidal pyrite which had much smaller nanometer—sized crystals.

63



Immobilization of Cu using CPWR
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Figure 3.1: XRD pattern and SEM micrographs of the fresh CPWR

(a: XRD pattern; b: morphological image of pyrite in the CPWR; ¢: morphological image of siderite in the CPWR)

3.4.2 Contact time and pH on the removal of Cu by CPWR

Fig. 3.2 shows that Cu removal increases with contact time and then remains almost constant
from 84 h at different initial pH values of 2, 3, 4, 5, and 6. Fig. 3.2a shows that there was no
obvious pH dependence of Cu removal by CPWR. Considering that the mine leachate usually
has pH values of 2.1-6.6, a pH of 5 was chosen as a representative for acid leachate to avoid

obvious competition between H" and Cu*" for binding sites on CPWR sorbent.
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Figure 3.2: Effect of contact time (a) and initial pH (b) on Cu removal by CPWR

(in Fig. 3.2 b, the contact time = 84 h).

3.4.3 Release of SO, and Fe**, and Cu removal

Dissolved oxygen (DO) in influent solution was critical to sustain the oxidation of pyrite and
siderite in CPWR during the whole column experiment. In this study, SO,” in the effluent only
came from the oxidization of S* species in colloidal pyrite (FeS,) in the CPWR described by
Eq. 2.5, which has been reported in the previous studies (Donato et al., 1993; Shokri et al.,
2013). It was increased initially indicating the oxidation of colloidal pyrite immediately
occurred at the beginning of the column trial due to its high chemical reactivity resulting from
its nanometer effect. Then SO,” concentration leveled off at ca. 0.30 mmol-L.", which was
below the maximum level of 250 mg'L." in drinking water set by Environmental Protection

Agency U.S. when the throughput volume was from 2250 to 4726 bed volumes (BV) (Fig.
3.3a).

Effluent Fe’" was in the range of 0.20-0.45 mmol-L." until the breakthrough occurred (Fig.
3.2b). If the released Fe** was only from the oxidation of the colloidal pyrite described by Eq.
3-1, it was supposed to be only 0.15 mmol-L.". The extra Fe’* (the gap between 0.20-0.45
mmol-L'and 0.15 mmol-L"; ca. 0.05-0.30 mmol-L.") in the effluent was attributed to the
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dissolution of siderite in the CPWR, which was initiated by the produced proton and generated
CO, (described by Eq. 3.2). The percentage of Fe" in effluent resulting from the oxidation of
colloidal pyrite was calculated to be 46.1% according to produced SO,” in the effluent, and
that resulting from the dissolution of siderite in CPWR was estimated to be 53.9%. The
dissolution of CO, resulting from the dissolution of siderite buffered the solution and kept the
pH values fluctuating around 4.5 (data not shown) during the simultaneous oxidization and
dissolution processes of colloidal pyrite and siderite in the CPWR column. Under pH values of
around 4.5, Fe’" was easily oxidized to Fe’* by DO in the influent solution (described by Eq.
3.3); the formed Fe’" can act as an even more aggressive and effective oxidant than O, for
pyrite oxidation (Moses & Herman, 1991; Moses et al., 1987). Fe’* was not stable and easily
precipitated in the CPWR column as ferric (hydr)oxides (Eq. 3.4) which could play two roles.
On the one hand, ferric hydroxides precipitated on the CPWR’s surface and acted as
promising adsorptive materials for removing Cu (Jeong et al., 2010a); On the other hand,
precipitation of ferric (hydr)oxides on the surface of CPWR can retard oxygen transport
through this film. Consequently, the film retarded further dissolution and oxidation of the
CPWR and would reduce the generation and diffusion rates of Fe** and SO,”. The same
passivation by building up of oxidation products was acknowledged (Sahoo et al., 2013; Todd
et al., 20032). Fe** concentration in the effluent decreased and then reached 0 when the
throughput volume was from 3500-4500 BV, indicating decreased and ceased oxidation and
dissolution of colloidal pyrite and siderite in the CPWR. When the formed ferric (hydr)oxides
on CPWR particles’ surface also reached its saturate adsorption capacity, the CPWR lost its

removal capacity for Cu*' and the breakthrough occurred.

FeCO; + 2H' - Fe?* + CO, + H,0 (3.2)
Fe* +20, + H* - Fe** + H,0 (3.3)
Fe3* + 3H,0 - Fe(OH); + 3H* (3.4)
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Cu’* concentrations in the effluent from the CPWR column as a function of the number of
BV treated are presented in Fig. 3.3c. The breakthrough curve demonstrates an efficient
elimination of low—concentration Cu by the CPWR. Cu breakthrough of the CPWR column
occurred when the throughput volume was up to almost 4081 BV. When the sorption
breakthrough occurred, the amount of metals removed from water by CPWR, q (mgg'

CPWR), was calculated as follows:

_ M [(Co—CpydV>

. (3.5)

where, M is the relative atomic mass for Cu; C, and C, are the influent and effluent
concentrations of Cu (mmol'L.™"); V, is the cumulative volume of treated water (L); and X is

the mass of sorbent packed in the column (g).

Because of the much lower C, before the column breakthrough than C,, Eq. 3.5 can be

simplified as Eq. 3.0.

q=— (3-6)

The Cu breakthrough capacity was calculated to be about 14.0 mg-g" CPWR according to Eq.
3.6. The result shows that the natural CPWR as a filling material had a high adsorption capacity
for Cueven in comparison with other modified adsorbents. For example, the breakthrough
capacity of manganese oxide coated zeolite was 8.32 mg Cu-g” (Han et al., 2006) and was 14.92
mg Cu-g" for chitosan immobilized on bentonite (Futalan et al., 2011) in fixed—bed columns
under optimum operation conditions. Furthermore, the concentrations of other toxic metals
(Cd and Pb) were all below detection limits (data not shown), suggesting that there was little

leaching of trace metals from CPWR column.
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However, lower Cu removal efficiencies (13%) and removal capacities (0.050 mg/g CPWR)
were obtained in the batch experiments than in the column study. The big difference between
the batch and column studies is hard to fully understand. This phenomenon could be
explained by the different final pH values in the solutions of batch and column studies.
Previous studies have found that the main oxidation products of pyrite vary when the pH is
around 4. The main oxidation product of pyrite is ferric (hydroxy)sulfate when pH is below 4,
and it is ferric oxyhydroxide at higher pH (Todd et al., 2003b). In the batch experiments, a
high degree of colloidal pyrite oxidation in CPWR occurred due to both dissolved O, in
aqueous solutions and O, diffused from the atmosphere, leading to a final pH of around 3.5
(Fig. 1b). Therefore, insignificant amounts of ferric (hydr)oxides were formed. However, the
oxidation of colloidal pyrite was limited in the column experiment, as the only source of O,
was from the dissolved O, in theinfluent, resulting in a final pH of around 4.5. Consequently,
the oxidized Fe’* was rapidly hydrolyzed as ferric (hydr)oxides. Ferric (hydr)oxides can act as
an adsorbent for Cu removal, so a higher amount of ferric (hydr)oxides in the column trial led
to a higher Cu removal by CPWR. Nonetheless, further research is needed to confirm this
explanation and elucidate the different processes in Cu removal by CPWR in the batch and

column experiments.

3.4.4 Content and speciation of solid—phase Cu in the used CPWR

The total Cu and Fe contents in the CPWR particles sampled at different column heights after
the breakthrough occurred are shown in Fig. 3.4a. After the breakthrough, Cu content
increased with the column height; it was approximately 0.4% at the bottom of the column,
while it was nearly 1.5% at the top. Meanwhile, Fe content in the used CPWR particles
decreased from the top to the bottom column and was in the range from 42.43% to 47.8%.
The reduced Fe was due to the release of Fe (in the range of 0.25-5.62%) into the solution

during the oxidation of colloidal pyrite and dissolution of siderite in the CPWR.
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Chemical sequential extraction was carried out to determine the solid—phase Cu species in the
used CPWR samples. The fractions of the five different Cu species are shown in Fig. 3.4 b.
The percentage of exchangeable Cu (S1), Cu bound to carbonates (82), and Cu bound to
sulfides (S84) were found to account for much less percentages than Cu bound to iron and
manganese oxides (S3) and residual Cu (S5) in the CPWR samples. The low exchangeable Cu
shows that Cu removal by surface complexation and ion exchange was negligible. Surface
groups, such as surface Fe—hydroxyl groups (=Fe—OH) and sulfhydryl functional groups (=S—
H) on the CPWR particles, which are generally considered as potential adsorption sites (Jeong
et al.,, 2010c), were insignificant for Cu removal in this study. Moreover, the low percentages of
Cu bound to carbonates and sulfides excluded the possibility of surface precipitation of
CuCOj or CusS even though they have low solubility products. Fig. 3.4 b also shows that 35—46%
Cu was present in the form of residual Cu (S5) which indicates that Cu existed within primary
and secondary minerals’ crystal structure (Tessier et al.,, 1979). 45-52% of Cu bound to iron
and manganese oxides (S3) indicates that Fe (hydr)oxides formed by the oxidation of colloidal
pytite and dissolution of siderite in the CPWR served as major adsorbents for Cu®* removal.
To verify this, the contents of free iron (percentages of Fe’*) in the used CPWR particles along

the column height after the Cu breakthrough were measured.
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(S1: exchangeable Cu; S2: Cu bound to carbonates; S3: Cu bound to iron and manganese oxides; S4: Cu bound to

sulfides; S5: residual Cu)

3.4.5 Dissolution and oxidation of the used CPWR

Fig. 3.5 shows the contents of FeCO,and Fe’ in the used CPWR particles along the column
height when the breakthrough occurred. Siderite content in the used CPWR was less than that
in fresh CPWR due to its dissolution in weakly acidic Cu solution. The amount of siderite
dissolved during the study decreased with the increase in the column height and was 5.05%
and 0.5% in the bottom and top of the CPWR column, respectively. The more dissolved
siderite resulted in more production of CO, whose buffer capacity led to the higher oxidation
rate of CPWR. A similar observation has been noted by Caldeira et al. (2010). The colour of
the CPWR located in the top of the column turned from black into orange after the column
was operated for two weeks. This was the obvious indication of the formation of Fe
(hydr)oxides. The content of Fe’" indicates that the free iron in CPWR increased with the
column height, suggesting more Fe (hydr)oxides accumulated on the CPWR in the top of the
column. More Fe (hydr)oxides formed in the top of the column can be explained by the rate of
hydrolytic precipitation of Fe’* (Eq. 3-4) which was slower than the flow rate, thus more Fe**

was transported from bottom to top with the up—flow Cu wastewater under weakly acidic
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condition. The amorphous Fe (hydr)oxides can effectively adsorb Cu due to their high SSA
(Raven et al., 1998; Wilkie & Hering, 19906), explaining more Cu was immobilized on the top.

PP
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Figure 3.5: Variations of the Fe3* and siderite contents in the CPWR with column height

Fig. 3.6 shows SEM micrograph and corresponding EDX mapping for elements of O, S, Fe,
and Cu on the used CPWR particles collected from the top column after Cu breakthrough
occurred. The CPWR’s surface and cracks were covered with an accumulation of tremella—like
substances which were probably ferric (hydr)oxides loosely nested on the CPWR particles’
surface, drastically increasing the SSA and adsorption sites, and therefore enhancing adsorption
capacity (Guo et al.,, 2013). Iron was evenly distributed on the surface of CPWR particles
according to the Fe—~EDX map (Fig. 3.6¢). Combining O—EDX (Fig. 3.6c) with S-EDX (Fig.
3.6d), O—concentrated areas were found to be vacancies of S, indicating that the colloidal
pyrite and the siderite in CPWR existed at two independent phases and were not structurally
related to each other. In addition, the O—EDX map indicates oxidant attacks on CPWR
surfaces related to the grain defects, cleavages and fractures, which were significant for Cu
adsorption. As to Cu—EDX map, Cu was homogeneously distributed in the inner edge and
more concentrated areas were found at the edges of CPWR particles, in agreement with the

distribution of iron hydroxides. When CPWR’s surface was completely overlaid by iron
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(hydr)oxide coatings, leading to the termination of solution—phase dissolution and oxidation of

CPWR, CPWR lost its capacity for Cu removal.

Figure 3.6: SEM micrographs (a and b) and SEM—energy dispersive X—ray (EDX) maps of oxygen (c),
sulfur (d), iron (e), and copper (f) for the used CPWR particles after Cu breakthrough
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A schematic diagram illustrating the proposed model for Cu removal by CPWR in weakly
acidic solution is shown in Fig. 3.7. This process consists of three main steps. In the first step,
the oxidation of pyrite by O, releases an electron into the solid from anodic site to cathodic
site and then to the solution, and one or two hydrogen ions to the solution, resulting from the
oxygen atom of a water molecule interacts with a sulfur atom to create a sulfoxy species (Eq.
2.5). The second step is the dissolution of siderite which is driven by the generated hydrogen
ions, the produced CO, has the buffering effect and increases the oxidation rate of Fe*' to the
Fe’* and ferric (hydr)oxides (Eqs. 3.3 and 3.4). In the third step, the formed ferric (hydr)oxides

act as adsorbent for Cu.

Cathodic Reactions 1 0,+2H*+2e— H,0
2

‘»  Fel*te— Fe?*
T €2
‘b Fe** Fe(OH);-Cu

Eq. 3.3'Eq. 34

oy FeZ* CO,, SO, H*

u
Anodic Reactions by Egs. 2.5 and 3.2

Figure 3.7: Schematic representation of the mechanism of Cu removal by CPWR.

3.5 Summary

This study shows that the natural CPWR were efficient in the removal of Cu from low—
concentration (10 mg'L.") Cu solution. The breakthrough capacity was 14.0 mg Cu-g' CPWR.
Sequential extraction of Cu, analysis of free Fe, and SEM—EDX analysis indicate that Cu®* was
removed from the aqueous solution due to the adsorption of Cu on iron hydroxides formed
via the dissolution and oxidation of the CPWR. In order to increase the removal capacity for
Cu, NPyr was developed. The metal removal efficiencies of NPyr were invesigated in Chapter

4 with both single metal and multi-metal solutions by fixed—bed sorption columns.
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Chapter 4
Removal and Recovery of Cu and Pb from Single
and Cu—Pb—Cd—-Zn Multi-metal Solutions by

Nanostructured Pyrrhotite
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4.1 Overview

This Chapter presents the efficiency of synthesized nanostructured pyrrhotite (NPyr) for

removal and recovery of Cu, Pb, Cd, and Zn from single and multi-metal aqueous solutions.

4.2 Introduction

Currently, the US Environmental Protection Agency regulates eight metals as primary
contaminants in drinking water, including divalent heavy metals Cu, Pb, and Cd (EPA, 2016),
which are widely found in e—waste and other sources. Unregulated heavy metals like Zn, might
be monitored in the future due to their comparable detrimental health effects (WHO, 2005).
Divalent toxic metals always co—exist in wastewaters like acid mine drainage (AMD), which
have a tendency to interact with each other (primary cations) in the removal of metals from
wastewater, particularly when using the sorption process. This has emphasized the importance
of understanding the mechanisms involved in metal removal from wastewater, and the need
for studying the effects of the competitive ions on the removal efficiency. To date, very few
multi-metal sorption systems have been investigated; for instance, the removal of Pb, Cd, Cu,
and Zn from Cu-Pb-Cd-Zn solution by hematite nanoparticles, montmorillonitic and
calcareous clays (Sdiri et al., 2011; Shipley et al., 2013), the removal of Pb, Cd, and Cr from
Pb—Cd—Crt solution by crab shell (Kim, 2003), and the removal of Cu and Pb from Cu—Pb—Cd
solution by magnetic Ni/oa—Ni(OH), (Cao et al., 2013). Most of these multi-metal sorption
studies were conducted in batch experiments rather than continuous—flow column systems
which are much closer to the practical application. Besides, a growing interest in the reuse,
recovery, and recycle of materials has posed a challenge for these methods which only target

removal of metals rather than recovery.

In this research, the synthesized nanostructured pyrrhotite (NPyr), composed of

nanocrystalline grains with porous structures, was used as the sorbent for Cu, Pb, Cd, and Zn
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removal and recovery from both single metal and multi-metal solutions by fixed—bed sorption
columns. The sorption capacities and the sorption mechanisms between the NPyr and the

metals were investigated.

4.3 Materials and Methods

4.3.1 Materials

Pyrite minerals used in this study were collected from Xingiao Mine of Tongling City in Anhui
Province, China. After collection, they were finely crushed and sieved to 0.45-0.90 mm using a
laboratory mill. The preparation of NPyr sorbents followed the method as follows: a certain
amount of pyrite was calcined in a N, atmosphere at the temperature of 600 °C for 1 h (Shi et

al., 2010). The obtained NPyr particles were then stored in a vacuum dessicator until use.

The influent concentrations of metals (Cu, Pb, Cd, and Zn) were 100 mg-L." in each single
metal solution and were 30 rng'L'1 in the multi-metal solution containing Cu, Pb, Cd and Zn.
The influent solutions were prepared by dissolving chloride salts of Cu, Pb, Cd, and Zn in tap
water. All the chemicals used were of analytical grade. The pH values of the influent solutions

were adjusted to 5 using 1 M of HCI solution to avoid the hydrolysis of the metals.

4.3.2 Column experiments

Sorption of Cu, Pb, Cd, and Zn on NPyr particles from the single metal solutions was carried
out using four fixed—bed columns (i.e., single—metal sorption system: the Cu column, the Pb
column, the Cd column, and the Zn column). Sorption of Cu, Pb, Cd, and Zn on NPyr
particles from the Cu—Pb—Cd—Zn multi-metal solution was carried out with the fifth fixed—
bed column (i.e., multi-metal sorption system, the Cu—Pb—Cd—Zn column). The five bench—

scale columns were made of 50—cm-—high transparent glass columns, with an internal diameter
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of 10 mm. Each column was packed to a depth of 32 cm with a column packing density of
1.99 ¢ NPyrmL" working volume. The porosity (%) of the NPyr was measured to be 60%. A
10 cm thick layer of crushed glass was placed at either end of the column so as to prevent the

sorbent particles from flushing out.

Each column was firstly washed with 1% HCI solution for 48 h to remove any trace amounts
of carbonate and iron oxides films formed on the surface of NPyr particles. It was then rinsed
with tap water until the pH of the leachate was close to 7. Then, the influent solutions were
continuously pumped to each column from the bottom using peristaltic pumps (BQ50-1],
Lange, China) at a flow rate of 21 mL-h". The hydraulic retention time was calculated as 0.58 h
according to Eq. 3.1. The breakthrough of the single—metal columns occurred when the metal
concentrations in the effluents were above the Chinese wastewater discharge standards (0.5
mg-L." for Cu, 1 mg-L." for Pb, 0.1 mg'L." for Cd, and 2 mgL." for Zn). For research purposes,
the breakthrough for the multi-metal column was defined as when the concentrations of the

four metals in the effluent were all above their corresponding standards.

4.3.3 Analyses

Effluent solutions of the five fix—bed columns were collected and immediately filtered through
0.45 um filter paper at regular time. pH values were monitored using a pH meter (pHS-3C,
China). Concentrations of metals (including Cu, Pb, Cd, and Zn) in the filtrates were
determined with an atomic absorption spectrophotometer (WYS2200, China) using the flame
atomization technique. Specific surface area (SSA) of the natural pyrite and the NPyr were

measured using the BET-N, adsorption method (Quantachrome NOVA 3000e, America).

After the breakthrough occurred, the columns were first rinsed with ultrapure water for 5

hours to remove non—sorbed metals from the NPyr particles’ surface. Then, the columns were
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sealed and placed in a freezer until they were completely frozen. The glass columns were gently
hit with a hammer, and the glass was broken into pieces while the NPyr particles were intact.
Finally, the particles were segmented into 16 sections from bottom to top along each column
in every 2 cm by a knife. The 16 samples of each column were dried at 30 °C with N, and then
analyzed using a number of techniques: X ray fluorescence (XRF) (Shimadzu—1800, Japan) for
the contents of Fe and the corresponding metal(s) (i.e., Cu, Pb, Cd, and Zn), X—ray diffraction
(XRD) (Dandong Haoyuan DX-2700, China) for mineral composition, field emission
scanning electron microscopy (FE-SEM) (Sirion—200, America) coupled with energy
dispersive X—ray spectroscopy (EDX) for morphology and elemental composition, and high
resolution—transmission electron microscopy (HR—TEM) with energy dispersive X—ray (EDX),
and (JEOL-2100F, Japan) for structure analysis and elemental composition. In addition, the
species of sorbed metals in the used NPyr particles was analyzed by sequential extraction and

different species of metals are introduced in Chapter 3.

4.4 Results and Discussion

4.4.1 Characterization of the natural pyrite and the NPyr

Chemical composition of the natural pyrite and the NPyr is presented in Table 4.1. Elemental
analysis indicates a S: Fe atomic ratio of 2.07 (neatly 2) and 1.21 in the natural pyrite and the
NPyr, respectively. The major source of impurity of the natural pyrite was due to quartz by
considering the Si content (Table 4.1). XRD analysis of pyrite (data not shown) shows weak
peaks of quartz, indicating the low content of quartz in the natural pyrite. Moreover, XRD
characterization confirmed pyrrhotite was the primary product in the NPyr, and no other

phases were detected.

SEM was utilized to examine the morphology and size distribution of the natural pyrite (Fig.

2.1, Chapter 2) and the NPyr (Fig. 1.1, Chapter 1). The SSA of the natural pyrite was 0.79 m*g’
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', and the NPyr had a nanometer—sized porous texture with a SSA of 6.86—10 m*g" (Chen et
al.,, 2014b).

Table 4.1: Chemical composition of the natural pyrite and the NPyr (wt %)

Sample Fe S Si Al Cu Ca Mn As Mg

Pyrite 43.13 51.16 1.82 0.18 037  0.67 0.15 0.02 0.37

NPyr 56.02 38.73 1.72 0.22 0.47  0.55 0.08 0.00 0.20

4.4.2 Metal removal from the single and the multi-metal solutions

During the column experiments, the presence of DO in the influent wastewater can influence
the removal of metals, oxidizing NPyr by formation of ferric (hydr)oxides on the surface of
NPyr particles which are generally less reactive to metals than NPyr (as described in Egs 2.6
and 2.8, Chapter 2) (Belzile et al., 2004). The effluent pH values of the five columns were a bit
lower than the influent pH and fluctuated between 4.0 and 4.5, and this was caused by weak
oxidation of NPyr by DO. Concentrations of SO, in the effluent formed due to the oxidation
of §* by DO were as low as around 0.15 mM. The small pH change and low concentrations of
SO,”" in each column suggest that oxidation of NPyr by DO should be insignificant under our

experimental conditions.

Fig. 4.1 represents the ratio between the concentrations of metals in the column outlet to its
concentrations in the column inlet (C/C)) as a function of the volume of treated water
(number of bed volumes, BV). The results show that NPyr had a high affinity to Cu, and the
breakthrough occurred when the throughput volumes were up to 1540 BV and 2093 BV in the
single Cu sorption system and the multi-metal sorption system, respectively. As for Pb, the

removal efficiencies in the single Pb and the multi-metal sorption systems were quite different.
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The Pb breakthrough volume was up to 1494 BV in the single Pb system and was only 698.7
BV in the multi-metal system. These findings show that the BV of Pb significantly decreased
when the total metal loading in influent increased from 0.48 mM in the single Pb solution to
1.34 mM in the multi-metal solution (i.e., 0.14 mM for Pb, 0.47 mM for Cu, 0.46 mM for Zn,
and 0.27 mM for Cd). A previous study has shown Cu was removed from wastewater by
calcined colloidal pyrite due to the precipitation of covellite (CuS) on the calcined colloidal
pyrite’s surface(Chen et al.,, 2014a). As the same calcination product (monoclinic pyrrhotite)
can be obtained from the calcination of pyrite and colloidal pyrite under their optimal thermal
treatment conditions, it is reasonable to hypothesize that Cu, Pb, Cd, and Zn would also be
removed by NPyr via precipitation of corresponding metal sulfides on NPyr’s surface. Cu can
easily precipitate as copper sulfide in comparison with Pb which precipitates as lead sulfide due
to lower solubility products of CuS, and Cu would compete with Pb for limited sulfide (S*)
dissolved from NPyr. In addition, it is noteworthy that the studied NPyr samples had lower
removal efficiencies for Cd and Zn than Cu and Pb in both single and multi—-metal sorption
columns. The result of the Cu—Pb—Cd—Zn column shows that the metals were removed by
NPyr with the sequence of Cu > Pb > Cd > Zn. This removal pattern is associated with the
trend in solubility products (Ksp) of the respective metal sulfides, with Ksp of CuS, PbS, CdS,
and ZnS equal to 1.2X107, 3.4x107%, 3.6x10”, and 1.2x107*, respectively, which are much
lower than that of FeS, 1.5x10™" (Ni, 1998). The converse order of Pb and Cd would be
explained by the precipitation of PbSO, (Ksp= 1.82x10"*), which can also be found during Pb

removal from wastewater by pyrite (Ozverdi & Erdem, 2000).

81



Removal and recovery of metals from single and multi-metal solutions using NPyr

410 - b TH
8 84
6 6 -
8
8 O
O 4 4
21 21
0.0 1 ‘ ‘ ‘ ‘ 0.0 +e $o-0sse0s s smencee ‘ :
0 400 800 1200 1600 2000 @ ° 40 800 1200 1600 2000
Bed volumes Bed volumes
1.0
C 10 Cd d Zn
8 81
.6 1 .61
3 3
o
© 4] S 4]
2 21
00 1 00 e s;oessssss ms ‘ ‘
0 400 800 1200 0 400 800 1200 1600 2000
Bed vol
Bed volumes €d Volumes
el.O 9
.8 1
s
.6 f
8 £
[3) i
4
—e— (Cd
@
2] e
A
b /
0.0 po0dfy: : ——
0 400 800 1200 1600 2000 2400
Bed volumes

Figure 4.1: Breakthrough curves for Cu, Pb, Cd, and Zn in the single and multi-metal sorption columns

(a: Cu column; b: Pb column; c: Cd column; d: Zn column; e: Cu—Pb—Cd—Zn column).
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According to Eq. 3.6 (Chapter 3), the breakthrough capacities of the four single columns
added with NPyr particles were calculated to be 77.42, 73.68, 8.42, and 58.74 mg-g" for Cu, Pb,
Cd, and Zn, respectively. While in the Cu—Pb—Cd—Zn system, the breakthrough capacities of
Cu, Pb, Cd, and Zn were 30.79, 10.86, 9.78, and 0 mg-g’l, respectively. The NPyr samples
demonstrated larger removal capacities for Cu and Pb than Cd and Zn in both single—metal
and multi-metal sorption systems. Moreover, the results indicate that the removed amounts of
Cu, Pb, and Zn decreased and that of Cd didn’t show big difference in the multi-metal
sorption column when compared with the single—metal columns. This was expected due to the
presence of the competitive metals for sulfide. Comparing the data obtained for Cu, Pb, Cd,
and Zn in the multi-metal column, there was a strong relationship between metal removal
efficiencies and their solubility products of metal sulfides. In this regard, metals with lower

solubility products are easily sorbed to a greater extent (Vidal et al., 2009).

4.4.3 Contents and speciation of metals in the used NPyr

After sorption breakthrough occurred, the corresponding metal(s) and Fe contents in the NPyr
particles sampled from different column depths are shown in Fig. 4.2. The contents of metals
increased with the increase in the column depth for the four single—metal sorption columns,
confirming metal sorption on NPyr particles. After the breakthrough in the four single
columns occurred, the contents of Cu, Pb, Cd, and Zn in the used NPyr particles were up to
17.41%, 15.37%, 3.97%, and 8.9% at the bottom of columns, respectively. They were only
1.36%, 2.01%, 0.65%, and 1.81% at the top of columns, respectively. For the multi-metal
sorption column (Fig. 4.2 €), the maximum Cu and Pb contents in the used NPyr sorbent were
up to 6.80% and 2.50%, respectively. The common grades of natural Cu ore, Pb ore, Cd ore,
Cd ore, and Zn ore are just 0.3-0.6% (Northey et al., 2014), 2.8-9% (Ayres, 1997), 0.5-1.5%
(Safarzadeh et al., 2007), and 6.2-20%, respectively (Ayres, 1997; Zhao & Stanforth, 2000).
The low contents of Zn and Cd in used NPyr particles are in agreement with low Zn and Cd
removal efficiencies, which lead to uneconomical extraction of Zn and Cd from the used NPyr

particles. However, the much higher Cu contents in the used NPyr particles from both the
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single and multi-metal sorption systems than the grades of natural Cu ore, and higher Pb
grades in the used NPyr sorbent in the single—metal sorption systems than the common Pb
grade in Pb ore make the recovery of Cu and Pb from the used NPyr particles become feasible
by using direct metallurgical extraction technologies which are common practice for recovery
of metals (Cui & Zhang, 2008; Tuncuk et al., 2012). Hence, the NPyr sorbent can not only

efficiently remove Cu and Pb from wastewater, but also effectively recover them.

As Cu and Pb can be more efficiently removed by NPyr than Cd and Zn in single and multi—
metal sorption systems (Figs. 4.1 and 4.2), chemical sequential extractions were carried out to
determine the solid—phase speciation of Cu and Pb in the used NPyr particles collected from
different depths of the single Cu sorption column, the single Pb sorption column, and the Cu—
Pb—Zn—Cd column. The contents of the five different species of Cu and Pb are shown in Fig.
4.3. The contents of exchangeable metals (S1), metals bound to carbonates (S2), bound to iron
and manganese oxides (83), and residual metals (S5) were found to be negligible in the total
extractable metals. While, Cu and Pb bound to sulfides (S4) accounted for nearly 99% of the
total extractable Cu and Pb, similar to our previous study of Cu sorption on calcined colloidal
pyrite (Chen et al., 2014a). The results of sequential extraction reveal that metal sulfides were
the dominant products for the Cu and Pb sorption by NPyr in both the single and multi-metal

columns.
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Figure 4.3: Distribution of Cu and Pb species in the used NPyr particles along the column depth

(a: Cu column; b: Pb column; ¢: Cu—Pb—Cd—Zn column; d: Cu—Pb—Cd—Zn column; S1: exchangeable metal; S2:
metal bound to carbonates; S3: metal bound to iron and manganese oxides; S4: metal bound to sulfides; S5:

residual metal)

4.44 XRD and SEM analyses

XRD and SEM analyses were conducted to determine the major mineralogical composition
and the surface morphology of used NPyr paticles sampled from the bottom of single Cu (Fig.
4.4 a-b), and Pb (Fig. 4.4 c—d) columns. Fig. 4.4 a shows that pyrrhotite (JCPDF No. 29-723)
and covellite (CuS, JCPDF No. 78-877) were the major phases after the Cu breakthrough
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occurred, indicating that secondary covellite crystals were formed. Fig. 4.4 b shows the
secondary covellite had a round morphology with average particle sizes of 0.3-0.6 pm.
Therefore, it is reasonable to conclude that the dominant copper sulfide in Cu removal by
NPyr was in the form of covellite. Fig. 4.4 ¢ shows that pyrrhotite (JCPDF No. 29-723) and
galena (PbS, JCPDF No. 78-1055) were the major phases in the used NPyr particles after the
breakthrough occurred, indicating that secondary galena crystals were formed. Fig. 4.4 d shows
the secondary plates were of submicro—size with irregular morphology, with the average width
ranging 0.2-0.5 pm and length 0.3-0.6 pm. Pb was removed from solutions through forming
lead sulfide in the form of galena. XRD results reveal that crystals of covellite and galena were
formed (Figs. 4.4 a and b). Therefore, it is reasonably concluded that the predominant
mechanism of Cu and Pb removal using the NPyr particles was the precipitation of covellite

and galena and the dissolution of NPyr (Egs. 4. 1-2, in which Me represents Cu and Pb).

Fe; 4S5y © (1 —3x) Fe?* + 82~ + 2xFe3* 4.1)
Ksp of FeS = [Fe2] [$+] = 1.50%10-19
Me?* + S?2~ & MeS 4.2)
Ksp of CuS= [Cu?] [$+] = 1.27x10-56

Ksp of PbS= [Pb2+] [$2] = 3.4x10-28
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Figure 4.4: XRD (a and c) and SEM (b and d) characterization of the used NPyr particles collected from
the bottom of columns after the Cu and Pb breakthrough occurred (a—b: Cu column; c—d: Pb column; Cv:

collevite; Gn: galena).

However ZnS and CdS peaks are not presented in XRD spectra of used NPyr particles taken
from the single Zn and Cd sorption columns (data not shown), which could be due to
insufficient detection limits for Cd (0.8% Cd in NPyr, and 5.8% Zn in NPyr), or no formation
of ZnS and CdS crystals probably because their aggregation is not directional under the
experimental condition. SEM—EDX analysis was carried out to characterize the surface
morphology and elemental composition of the used NPyr sampled from the bottom of single
Zn (Fig. 4.5 a) and Cd (Fig. 4.5 b) columns. SEM revealed a large number of nano—meter sized

spherical particles formed on the NPyr particles’ surface in the Zn column (Fig. 4.5 a). Thus,
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it’s reasonable to conject that Zn was immobilized from the solution due to the formation of
the round nanoparticles on the surface of the used NPyr particles. The obvious peaks of Zn in
the EDX confirmed the assumption. Fig. 4.5 b shows little micron—sized cluster was formed
on the surface of the used NPyr particles in the Cd column, which corresponded to the low Cd
removal efficiency. The EDS of the cluster indicated the removed Cd was immobilized by the
cluster, which could be iron (hydr)oxides generated by the oxidation of NPyr or be a cluster of
nanoparticles formed due to surface precipitation. The small amounts removed for Zn and Cd
are probably due to a combination of precipitation with sorption on the iron oxide/hydroxide

surfaces.

EDS spot.

20.0um

1.00um

Figure 4.5: SEM—EDS characterization of the used NPyr particles collected from the bottom of columns

after the Zn and Cd breakthrough occurred (a: Zn column; b: Cd column).

4.4.5 TEM analyses

Fig. 4.6 shows a TEM image with EDX maps for the used NPyr collected from the multi—
metal sorption column. In the Cu—EDX map, the Cu—concentrated areas are characterized by
extensive spheroid—shaped particles, suggesting formation of a discrete Cu phase. As later
evidenced by the HR-TEM image, this phase was covellite. Meanwhile, in the Pb—EDX map,
Pb—concentrated areas are characterized by spheroid—shaped particles with 2050 nm in
diameter, suggesting formation of a discrete Pb phase. The less Pb—concentrated areas than

89



Removal and recovery of metals from single and multi-metal solutions using NPyr

Cu—concentrated areas were in agreement with the less Pb removal amount than that of Cu.
Besides, the areas with lower Zn and Cd densities were homogeneously distributed on the
NPyr’s surface, indicating the accumulation of Zn and Cd on the NPyr—water interface. The
Zn and Cd surface complexes, which were formed at low surface coverages, did not produce

sufficient signals to be detected by EDX.

In Fig. 47 a, a HR-TEM image exhibits the lattice fringe structures of collevite (CuS),
relatively weak modulations with the spacing of ~1.89 A corresponding to (110) lattice fringes
of collevite. In Fig. 4.7 b, the HR-TEM image exhibits the lattice fringe structures of galena
(PbS), relatively weak modulations with the spacing of ~2.96 A corresponding to (200) lattice

fringes of galena.
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Figure 4.6: TEM micrograph (a) with energy dispersive X—ray (EDX) mapping for different elements (O,
Fe, S, Cu, Pb, Zn, and Cd) on the used NPyr collected from the bottom of the Cu—Pb—Cd-Zn column

after the breakthrough occurred.
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the Cu—Pb—Cd-Zn column after the breakthrough occurred.

The sequential extraction of Cu and Pb, XRD, FE-SEM, and TEM-EDX characterization of
the used NPyr particles, and HR—TEM analysis of the secondary crystals indicated that a large
amount of covellite and galena were formed on the surface or inner of the NPyr particles.
Hence, it is concluded that Cu and Pb were removed from the aqueous solutions mainly due to
the formation of covellite and galena, respectively, which were driven by the difference in the
solubility products of metal sulfides and Fe, S (the dominant product of NPyr). This result is
in agreement with the mechanism of Cu removal by calcined colloidal pyrite (Chen et al.,

2014a).

4.5 Summary

This study showed that efficient Cu and Pb removal were achieved under the operating
conditions with influent concentrations of 100 mg-L." for the single Cu and Pb solutions and
30 mg'L." for the multi-metal solution. The formation of surface precipitates with covellite for
Cu and galena for Pb played a dominant role in the Cu and Pb removal by the NPyr particles.
Considering the high stability of covellite and galena, their formation would be a significant
means of attenuating the hazards posed by Cu and Pb in wastewater. The high Cu and Pb

contents in the used NPyr particles sampled from the single and the multi-metal sorption
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columns indicate that it is feasible to use NPyr to recover Cu and Pb from wastewater by
direct metallurgical extraction following sorption. In Chapter 5, the efficiency of NPyr for

metal removal and recovery was further investigated using real AMD wastewater.

93



Chapter 5
Copper Removal in Real Acid Mine Drainage by

Nanostructured Pyrrhotite
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5.1 Overview

This Chapter presents the ability of nanostructured pyrrhotite (NPyr) for metal (i.e Cu)
removal and recovery from simulated and actual AMD using both batch and column

experiments.

5.2 Introduction

As described in previous chapters, acid mine drainage (AMD) is a serious and persistent
environmental problem which contaminates soil and surface water. To date, the research for
effective methods for AMD treatment has received lots of attention. The main methods are
active chemical precipitation by the addition of basic chemical reagents, and passive
bioremediation using aerobic wetlands or compost based systems (Maree et al., 2013; Sahoo et
al., 2013; Tabak et al., 2003). Both approaches fail to recover potentially valuable metals, such
as Cu. It is difficult to recover Cu from AMD by a traditional method with the addition of
alkaline reagents to form the precipitates of metal hydroxides compared with the addition of
sulfides to form the precipitates of metal sulfides (Macingova & Luptakova, 2012). Because a
large amount of Fe in AMD would precipitate as ferric hydroxides, which can act as an
adsorbent for Cu and immobilize part of Cu from solution, thus reducing Cu recovery
efficiency form AMD. To achieve high efficiency of Cu removal and recovery, we proposed to
use nanostructured pyrrhotite (NPyr, Fe, S) which can immobilize Cu in aqueous solutions

onto its surface.

In this research, batch experiments were conducted to elucidate Cu sorption performace on
NPyr under varying conditions. A column experiment was carried out to evaluate the

efficiency of using NPyr for Cu®* removal and recovery from real AMD.
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5.3 Materials and Methods

5.3.1 Materials

The synthesis of NPyr from natural pyrite minerals has been described in Chapter 4.

For the column experiment, limestone was collected from a Cu mine in Yueshan of Anqing
City, Anhui Province, China. X-ray diffraction (XRD) analysis of the limestone indicated that
calcite was the only carbonate present. The AMD wastewater samples were collected from a
pond of Xiangshan Mine located in Ma’an Shan, Anhui, China. Ma’an Shan, one of the top ten
steel producing areas in China, abounds in mining resources (Zhang et al., 2006). Farmland
and rivers in Ma’an Shan mine area have been highly contaminated by AMD, resulting from
the development of the mining industry. After the collection, the AMD samples were stored in
polyethylene buckets, which were stored in a dark room at room temperature. The samples
were analysed in triplicate, and the characteristics of AMD samples are presented in Table 5.1.
Since Cu was the key contaminant of metals in the AMD with 43.16 mg-L", it’s the major

focus in this study.

Table 5.1: Chemical composition of acid mine drainage (mg-L)

pH NO, Fe* Fe™ SO> Ca Cu Cd Zn  As Pb

2.8 6.8 54.5 16.1 21000  47.5 43.1 0.1 11.3 0.1 0.2

5.3.2 Batch sorption experiments

NPyr is thermodynamically unstable in the presence of O,, resulting in the formation of iron
(hydr)oxides which can act as an adsorbent for metals (Courtin-Nomade et al., 2003). To

maintain anoxic conditions, all solutions were flushed with N, (g) to drive off any dissolved O,
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(g) prior to reaction, and experiments were conducted in an anaerobic chamber with
atmospheric composition of 5% H, in N,. Cu sorption experiments were performed in
triplicate using 50 mL polypropylene centrifuge tubes. A control without NPyr was run to
account for possible losses resulting from Cu sorption on tubes. HCl and NaOH solutions
were added to adjust the initial solution pH between 2 and 6. pH values below 6 were chosen
to avoid precipitation of Cu (hydrjoxides. 10 g-1." of NPyr particles and a certain amount of

CuCl, stock solutions were added into the centrifuge tubes to obtain initial Cu concentrations
of 10-150 mg-L." (0.16—2.34 mM). The reaction time for batch experiments were 90 h, which
was sufficient for Cu sorption (Chen et al., 2013b). The tubes were placed on a rotator with a

speed of 40 rpm to ensure complete mixing.

5.3.3 Two-column reactor design

The two-column reactor (A and B, Fig. 5.1) was continually pumped with AMD, which
contained Cu of 43.16 mgL' at a pH of 2.8 (Table 5.1). Fach column was made of
50—cm—long transparent glass with an internal diameter of 1 cm. A 10 cm thick layer of
crushed glass was placed at both ends so as to prevent NPyr particles from flushing out of the
column. 32 cm of crushed limestone was added to Column A, and Column B was packed with
the NPyr to a height of 32 cm with a packing density of 1.99 ¢ NPyr- mL" working volume.
The porosity (%) was measured to be 60% for the NPyr. Column A was designed to neutralize
AMD and Column B was to evaluate the removal and recovery performance of Cu from real
AMD. The AMD was continuously introduced to the bottom of the two-column reactor using
a peristaltic pump (BQ50-1], Lange, China) at a flow rate of approximately 17 mL-h". The
hydraulic retention time of Column B was calculated as 0.89 h in consideration of the filling
volume of NPyt, the porosity of NPyr, and the flow rate. In Column A, limestone dissolution
occurred, resulting in an increase in the pH value and dissolved Ca*"in AMD. Upon exiting
Column A, the outflow was directed into the bottom of Column B. When the Cu®*

concentration in the effluent of Column B was above 0.5 mg'L.', which is the first class
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discharge standard for Cu in wastewater in China (GB 8978-1996, China), the breakthrough of

the columns occurred.
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Figure 5.1: Schematic diagram of the two-column reactor

(Column A: limestone; Column B: Nanostructured pyrrhotite)

5.3.4 Analysis methods

The supernatants of the batch sorption experiments and the effluent solutions which were
collected from the top of the each column were immediately filtered through 0.45—pum filter
paper. Solution pH was monitored using a pH meter (pHS-3C, China). Concentrations of
metals, such as Cu, Zn, Cd, and Pb in the filtrates were analysed by an atomic absorption
spectrophotometer (WYS2200, China) using the flame atomization technique. Total Fe and

Fe*" concentrations in each filtrate were determined by the Ferrozine method (Stookey, 1970).
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The method to break down NPyr column after its breakthrough has been introduced in
Chapters 3 and 4. Total contents of Cu in the 16 used NPyr samples which were collected
from different depths of Column B, were determined by X-ray fluorescence (XRF)
(Shimadzu—1800, Japan). High resolution—transmission electron microscopy (HR—TEM) with
energy dispersive X—ray (EDX), and (JEOL-2100F, Japan) was used to detect elemental
distribution in the used NPyr particles. Furthermore, some of the used limestone samples
collected from top, middle, and bottom parts of Column A were analysed by XRD (Dandong

Haoyuan-DX-2700, China) to identify crystalline products during the neutralization process.

5.4 Results and Discussion

5.4.1 Sorption experiments

As shown in Fig. 5.2, the Cu removal efficiency was high at the initial pH of 2, was the lowest
at initial pH up to 3, and then increased again in the pH range of 4-6, which is in agreement
with Ozverdi et al.’s study (2006). At the initial pH of 2, the high Cu removal can be attributed
to the generation of H,S (Eq. 2.1, Chapter 2) and consequently, precipitation of Cu as metal

sulfide in solutions according to Eq. 5.1:

Cu?* + H,S - CuS + 2H* (5.1

Thermodynamically, the concentration of total sulfide is greatest when pH is below 3, and HS’
becomes a significant species of sulfur when pH is in the range of 3-8. When pH increases
above the isoelectric point, which lies at pH of 2.7 for NPyr with pyrrhotite as the main
component, the surface charge of NPyr becomes more negative (Widler & Seward, 2002). It is

easier for positively charged Cu”" to diffuse into the negative surfaces of NPyr. Previously,
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precipitation of CuS(s) following dissolution of NPyr was found to be the principal sorption
mechanism for Cu sorption on NPyr by fixed-bed columns (Chapter 4). Therefore, it is
reasonable to hypothesize that Cu®" on the negative surfaces of NPyr then reacted with soluble
sulfide (S%) arising from NPyr’s dissolution to form surface precipitation of CuS. As indicated
by Eq. 5.2, the formation of CuS(s) was expected to be accompanied by a release of structural
Fe*" in NPyr. To quantify the extent of Fe®" release, dissolved Fe?" was also measured as a
function of pH. For comparison, the Fe*' resulting from the dissolution of NPyr without Cu
addition under different pH values was also measured, which is indicated by the yellow triangle
in Fig. 5.2. The amount of Fe’* released was strongly correlated with the final pH values in Fig.
5.2. At final pH<S3, released Fe was higher than the removed Cu, which indicates that a low
pH favoured a higher degree of NPyr’s dissolution. Then the released Fe was slightly lower
than the removed Cu when the final pH was over 3, and there was bigger difference at high
pH values. This was attributed to the formation of Fe hydroxy complexes that occurred at pH

around 4, and Fe*" became more hydrolyzed as pH increased over the pH range of 4-6.

Fe;_,S + Cu?" = CuS + (1 — 3x)Fe?* + 2xFe3* (5.2)
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Figure 5.2: Released Fe and removed Cu concentrations as a function of pH

in 10 g-L- NPyr batch experiments

Fig. 5.3 a shows the Cu removal capacity increase with initial Cu concentrations in the range of

10-150 rng~L'1, by considering that the range of Cu concentrations in actual AMD are 2-50

mg-L'(Motsi et al., 2009; Romero et al., 2011; Sahinkaya et al., 2011b). Cu removal efficiency
was 100% when an initial concentration of Cu was 10-20 mg'L.", and it decreased significantly

and then kept stable at 60% when initial concentrations of Cu were 50-150 mg-L’l.
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Figure 5.3: Cu removal capacity and efficiency (a) and released Fe (b) versus removed Cu concentration

at a pH of 5.0 in 10 g-L-1 NPyr batch experiments.

Fig. 5-3 b shows the relationship between the removed Cu and released Fe under different
initial Cu concentrations at an initial pH of 5.0. A positive relationship existed between the
removed Cu®" (x, mmol -L.") and the released Fe** (y, mmol-L."). More Fe was released when
more Cu”" was removed, and it followed the relationship as y=0.6284x-0.0231 (R>=0.9751,
P=0.0023). If CuS(s) precipitation was the sole sorption reaction for Cu” removal, the released
Fe should be equal to the removed Cu®’, which is represented by the dashed line in Fig. 5.3 b.
However, the released Fe is below the dashed line in all cases, implying that adsorption in
addition to CuS (s) precipitation were tresponsible for Cu®’ uptake. Fe*' release was
approximately 0.63 mol Fe*" per mol Cu*" removed, suggesting that 63% of the removed Cu**
was via precipitation and 37% of the removed Cu”" was by adsorption under these conditions.
Similar results have been observed in Hg sorption by synthetic nanocrystalline mackinawite,

where the amount of the released Fe’* was below that of the sorbed Hg*" (Jeong et al., 2007).

5.4.2 Fixed-bed column experiment

The above batch study has shown NPyr had a poor removal efficiency for Cu at an initial pH

around 3. Considering that the initial pH of the real AMD was 2.8 which was around 3 (Table
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5.1), and Cu®" removal efficiency was high in the pH range of 4-6, limestone particles were
used as neutralizers to reduce the acidity of AMD in Column A to get a better Cu removal
performance in NPyr column. During the column experiment, the pH of the AMD increased
to around 4 after the neutralization by limestone in Column A, and it remained nearly constant
in Column B during the trial (Table 5.2). Therefore, Cu*" removal by means of hydroxide

precipitation was ruled out due to the low pH values in the two-column reactor.

During the experiment, yellow coatings (mainly Fe oxyhydroxides, evidenced by the HR—-TEM
image in Fig. 5.5) were easily observed on the surface of limestone and NPyr particles in
Columns A and B. The Fe oxyhydroxides resulted from the precipitation of dissolved ferric
iron in the AMD, which can easily hydrolyze at pH above 3. However, no Fe mineral phases
were identified by XRD characterization of the used limestone probably due to the poorly
crystalline phases of Fe oxyhydroxides (Bigham, 1994). Fe hydroxide coatings have an ability
to remove trace metals from solutions by sorption and co-precipitation (Burgos et al., 2012;
Sanchez et al.,, 2006). However, concentrations of other metals (Cd, Zn, and Pb) showed no
measurable reduction while the AMD passed through Column A (Table 5.2), indicating that
the adsorption of metals on Fe oxyhydroxides in Column A was insignificant in this study.
Furthermore, except for Cu, there was also no significant reduction in the concentrations of
Cd, Zn, and Pb in the AMD in NPyr column throughout the running period (Table 5.2). This
was likely due to higher solubility products (Ksp) of Cd, Zn, and Pb sulfides compared to that
of Cu sulfide, which are in the order of ZnS >PbS> CdS> CuS (Wei & Qi, 2002). Metal
sulfides with the lower Ksps would precipitate and those with larger Ksps remain in solution
when the concentration of soluble sulfide (S) is limited. Therefore, Cu which has the lowest

Ksps of CuS in the above metals, had the priority to precipitate as copper sulfide.
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Table 5.2: Effluent metal concentrations of the two-column reactor (Column A limestone and Column B

NPyr) after passage of various bed volumes (BVs)

Column  BVs pH Zn(mgL') Pb(mgL') Cd(mgL') Ca(mgL"

A 1 4 11.28 0.22 0.16 83.70
B 1 3.9 10.55 0.18 0.13 66.13
A 170 4 11.25 0.22 0.13 87.39
B 170 4 11.12 0.19 0.14 69.87
A 855 A 11.26 0.22 0.16 82.69
B 855 4.1 11.08 0.2 0.14 67.79
A 1540 4 11.27 0.22 0.17 81.42
B 1540 A 11.32 0.22 0.15 65.48

The Cu breakthrough curve which was plotted giving the ratio of effluent and influent
concentrations (C/Co) to bed volumes (BV) is presented in Fig. 5.4 a. Breakthrough of NPyr
column occurred until the throughput volume was up to 1000 BV. The breakthrough capacity
was calculated to be 21.93 mg Cu-g”' NPyr according to the method described in Chapter 3. It
was 77.42 mg Cu-g” NPyr in single Cu solution (Chapter 4), which is much (3.5 times) higher
than that of this study. This indicates the column had a capacity to remove Cu until the
throughput volume was up to 3500 BV. The lower breakthrough capacity in this study might
be explained by the precipitation of Fe oxyhydroxides (discussed above) and gypsum (CaSO,
as later evidenced by the HR-TEM image in Fig. 5.5) on NPyt’s surface. The dissolution of
limestone and precipitation of CaSO, can be expressed by Eq. 5.3, which led to the
development of a compact material on NPyr particles (Sahoo et al, 2013). The iron
oxyhydroxide coatings and gypsum were easy to form on the NPyt’s surface, which passivated

the sulfide by restricting infiltration of S* and made it less accessible to Cu in solution.
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CaCO; + SO%™ + 2H* + H,0 - CaS0, - 2H,0 + CO,  (5.3)
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Figure 5.4: Cu?* concentrations in the effluent from Column B (a) and Cu?* contents in the used NPyr

particles along the depths of Column B (b)

Even though the inactivation of iron-oxyhydroxides and gypsum, NPyr still had a considerable
removal capacity for Cu from real AMD as compared with the removal capacities of other
sorbents for metals which were obtained using batch sorption experiments, such as dried
digested sewage sludge with 5.3 mg-g” (Hughes et al., 2013), non-viable activated sludge with
5.9 mg-g" dry biomass (Utgikara et al., 2000), and natural zeolite with 3.37 mg-g" (Motsi et al.,
2009). The results indicate that NPyr is a promising reactive material for the in situ Cu removal

from Cu contaminated AMD.

The Cu contents in the used NPyr particles sampled from different depths of Column B after
Cu breakthrough are shown in Fig. 5.4 b. After the sorption breakthrough, elevated Cu
contents in the NPyr particles were observed with nearly 9.23% at the bottom and
approximately 0.25% at the top of the column. The average Cu content in NPyr particles of
Column B was found to be 2.37%. The value is a bit higher than the average Cu contents

calculated from the breakthrough capacity with 21.93 mg Cu-g' NPyr. This could be well
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explained by the phenomenon that Cu concentration in the outlet flow was slightly lower than
in the inflow even after Cu breakthrough occurred, confirming Cu removal still existed in
Column B. Maximum Cu contents of 9.23% in the used NPyr particles would make direct
metallurgical extraction of Cu from NPyr particles feasible. From this perspective, the used
NPyr particles can be considered as ‘Cu ores’, and serve as secondary raw materials to meet the
persistent growing demand for primary Cu sources. Therefore, desorption of Cu from the used

NPyr was not considered here.

Fig. 5.5 shows a TEM micrograph with energy dispersive X—ray (EDX) maps for the used
NPyr after the treatment of AMD. In the Cu— and S— EDX maps, Cu—concentrated areas are
found to be S—concentrated areas, indicating the formation of CuS on NPyr’s surface.
Meanwhile, the Ca—concentrated areas relating to O— and S—concentrated areas indicate the
formation of gypsum. In addition, the area enrichs in Fe and O, indicating the formation of
iron oxyhydroxides. When the NPyr particles’ surfaces were progressively coated by copper

sulfide, gypsum, and iron oxyhydroxides, it lost its capacity for Cu removal (Fig. 5.0).

Our method offers several important advantages over the traditional method for metal
removal from AMD which is by the addition of precipitant to form hydroxide precipitates. No
costly chemicals, and complex operations are required. The treatment process was a simple
addition of NPyr mineral into reactors to treat the wastewater. Cu was precipitated out as CuS
(s) and removed completely from Cu-bearing AMD liquid phase. Furthermore, the solid
residue of NPyr particles which contain a certain amount of Cu could be high enough for
economic Cu recovery. As a result, the quantity of the solid waste generated by this method
was much smaller than that produced by other chemical precipitation methods. The problem
which usually associated with the traditional method with the production of large quantities of

secondary hazardous wastes was avoided.
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Figure 5.5: TEM—EDX maps for different elements (calcium, sulfur, iron, copper, and oxygen) for the

used NPyr collected from the bottom of NPyr column
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Figure 5.6 Schematic diagram of Cu removal from AMD using NPyr

5.5 Summary

This study reveals that the maximum Cu content was up to 9.23% in the used NPyr particles,
which makes direct metallurgical extraction of Cu from the used NPyr feasible. From this
perspective, the used NPyr particles can be considered as ‘Cu ore’, and can serve as a
secondary raw material in the context of a growing demand for primary Cu sources. We are
developing this remediation strategy using NPyr that allow metals to be removed from mine

waters, producing ‘clean’ precipitates that can be recovered and recycled.

Moreover, the reduced S and Fe species in NPyr can be used as energy sources for autotrophic
denitrifiers to reduce NO, to N, gas and be used for PO,” removal, respectively. The

efficiency and mechanisms of nutrient removal from wastewater using NPyr were assessed in

Chapters 6 and 7.

108



Chapter 6
Enrichment and Characterization of Sulfur-based

Autotrophic Denitrifiers from Anaerobic Sludge
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6.1 Overview

This Chapter presents an efficient and cost-effective method to enrich sulfur-based
autotrophic denitrifiers from anaerobic sludge collected from a municipal wastewater

treatment plant.

6.2 Introduction

Sulfur-based autotrophic denitrification has been successfully employed to remove nitrate
from groundwater, drinking water, and secondary effluent wastewater for over 35 years
(Sahinkaya et al., 2014; Shao et al., 2010). As a specialized microbial consortium is required for
the process, it is necessary to have simple, time-saving, cost-effective and reliable method to
enrich sulfur-based autotrophic denitrifiers. Previous studies have successfully enriched sulfur-
based autotrophic denitrifying biomass from anaerobic sludge as seed inoculum for nitrate
removal in wastewater (Li et al., 2013b; Moon et al., 2006; Oh et al., 1998; Pu et al., 2014;
Sierra-Alvarez et al., 2007). However, the main focus of these studies was on the efficiency of
nitrate removal. There was no detailed characterization of the enriched microbial community

structure.

In this study, sulfur-based autotrophic denitrifiers were enriched from anaerobic sludge
separately using thiosulfate (Na,S,0,-5H,0) and natural pyrite (FeS,) as substrates. These
enrichments will be provided to the following lab research (Chapter 7). 16S rRNA-based
techniques including terminal restriction fragment length polymorphism (TRFLP) and Illumina
sequencing were applied to detect the community development over time and to determine the

composition of the bacterial community of the final enrichment culture.
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6.3 Materials and Methods

6.3.1 Enrichment of sulfur-based autotrophic denitrifiers

Anaerobic sludge taken from Mutton Island Waste Water Treatment Plant in Galway, Ireland,
was used as the inoculum to enrich autotrophic denitrifiers. Total solids (TS) concentration of
the sludge was 25 g-Lfl,which was determined using the Standard Methods (APHA et al., 1998).
Two separate enrichment cultures were prepared using either pyrite (diameter, 250-450 pm) or
thiosulfate, as the electron donors. Natural pyrite minerals were collected from Xingiao Mine of
Tongling City, Anhui Province, China. The medium for the thiosulfate enrichment was prepared
using deionized water containing (g'l."): Na,S,0,-5H,0, 5; K,HPO,, 2; KNO,, 2; NaHCO,, 1;
NH,CL, 0.5; MgCl,-6H,0, 0.5; and FeSO,-7H,0O, 0.01 (Koenig & Liu, 2001). NaHCO, and
FeSO, 7H,O were filter-sterilized and were added after autoclaving due to their instability during
autoclaving. Na,S,0,'5H,0 and FeSO, 7H,O were replaced by pyrite (2.5 g-1.™") and NaCl (0.01
g1.”") in the medium for pyrite fed enrichments. The autotrophic denitrification processes for
thiosulfate (Eq. 6.1) and pyrite (Eq. 6.2) occur according to the following equations (Cardoso et
al., 2006; Torrento et al., 2011; Zou et al., 2016):

$,03 + 1.6 NO3 + 0.2 H,0 - 2S05™ + 0.8 N, + 0.4 H* (6.1)

5FeS, + 14 NO3 + 2 H,0 — 10S02™ + 7 N, + 40H™ + 5Fe?*  (6.2)

Enrichment cultures were started with 50 mL anaerobic sludge, and 500 mL culture medium.
Cultures were flushed with N, for 20 min, sealed with rubber stoppers, and incubated at 30°C.
Each stopper had an outlet connected to a syringe to collect gas during denitrification.
Enrichment cultures were subcultured when approximately 110 mlL of gas was produced,

based on the maximum possible gas production from 2 g'I.”"' KNO, in the medium, calculated

using Eq. 6.1. Seven subcultures (S1-S7) were performed over the course of the 49 d
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enrichment based on the enrichment time from previous studies (Li et al., 2013b; Pu et al,,

2014).

6.3.2 Microbial community analysis

0.3.2.1 DNA extraction and Illumina sequencing

Biomass from the anaerobic seed sludge, and from S1-S7 (immediately prior to subculturing),
were collected for DNA extraction. Samples were flash-frozen in liquid nitrogen, then stored at -
80°C until required. Samples (6 mL) were defrosted at room temperature and centrifuged at
4,000 g for 2 min to concentrate biomass. DNA was extracted from resulting pellets using a
Maxwell 16 Tissue DNA Purification Kit and a Maxwell 16 Research Instrument System
(Promega). All DNA extractions wete visualized on 1% (w/v) agarose gels containing SYBR
Safe under UV light (Thermo Scientific, UK). Extracted DNA was quantified using the Broad-
Range Qubit Assay (Life Technologies). The V4 region of the 16S rRNA genes was polymerase
chain reaction (PCR)-amplified using Golay barcoded primers (Caporaso et al., 2012) and the
KAPA HiFi HotStart PCR Kit. The F515 and R806 primers (Caporaso et al., 2012) were used
with the following conditions: initial denaturation at 95°C for 5 min; with 25 cycles of 98°C for
20 s, 60°C for 15 s and 72°C for 40 s; followed by final extension at 72°C for 1 min. PCR
products were gel-purified and quantified using the High-Sensitivity Qubit Assay (Life
Technologies). The pooled multiplexed library normalized to 5 ng-ul’ DNA was sequenced using
the Illumina Miseq bench-top sequencer. Data were processed and quality assessed according to
the Humina Amplicons Processing Workflow
(http:/ /userweb.eng.gla.ac.uk/umer.ijjaz#bioinformatics). The alpha diversity was expressed by
Shannon. The Shannon diversity index H was calculated as follows: H = -3’ (p1 In(p1)) where pi is
the proportion of an individual taxonomic unit relative to all sequences analyzed (McArt et al.,

2012).
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6.3.2.2 TRFLP fingerprinting

Bacterial 16S rRNA genes from DNA recovered from S1-S7 were PCR amplified using
primers: 63F (labeled with FAM 6-carboxyfluorescein) and 518R as follows: an aliquot of 2 ul
DNA was added to respective PCR mixtures of 1 ul of each prime (10 pM), 35.5 ul DEPC
H,O, 10 ul PCR buffer (Bioline), and 0.5 ul MyTag polymerase (Bioline). The amplification
protocol was: 1 min at 95°C, and 30 cycles of 15 sec at 95°C, 15 s at 55°C and 15 s at 72°C,
followed by 10 min at 72°C. Amplicons wete purified using a Wizard SV gel and PCR Clean-
Up System (Progema), and quantified using a Qubit Fluorometer (Invitrogen). PCR amplicons
were digested using Alu I enzyme (Promega) following the manufacturers instructions.
Restriction digestates were typed using an applied biosystems capillary electrophoresis systems.
TRFLP profiles were aligned using T-align programme (Smith et al., 2005) and statistical
analyses was performed using Primer 6 (Clarke, 1994). A Bray—Curtis resemblance matrix of
square root transformed abundance data was generated and a non-metric multidimensional
scaling (NMDS) plot was used to visualize the differences in bacterial community structures

between the samples.

6.3.3 Test of the specific denitrification rate

The specific autotrophic denitrification rate of S7 was examined in 60-mL serum vials at 30°C
in triplicate. The vials contained 40 mL culture medium with varying concentrations of NOj;-
N (30 mg'L.”", 50 mg-.”", and 80 mgL"). In addition, two sets of negative controls, one
without biomass and the other without NO;-N, were included to correct for NO;-N
reduction not associated with autotrophic denitrification. The culture medium was also
supplemented with resazurin (0.001 g-1.”") as a redox indicator. The headspace (20 mL) in each
vial was flushed with argon gas for 5 min and autoclaved. Filter-sterilized L-Cysteine was
added to each vial to the concentration of 0.5 g-I.”' as an oxygen scavenger. Biomass

concentration in the vials was 4.33 g VSS1L Temporal biogas production in all vials was
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monitored using a pressure transducer (Model PSI-15, Ireland) (Campos et al., 2008). The gas
was assumed to be N, under nitrate limiting conditions when the S,0,7-S/NO;-N (m/m
ratio) was higher than 3.85 as required stoichiometrically according to Eq. 6.1 (Campos et al.,
2008). Denitrification rates were calculated from the slope of the cumulative volume of biogas
production in the headspace over time and related to the biomass concentration in the vials. In
assays with an initiall NO,;-N concentration of 30 mglL ™', NO;-N, NO,-N and SO,*
concentrations were determined by ion chromatography. Dissolved nitrous oxide (N,O) was
analyzed continuously by a N,O microsensor (Unisense, Denmark), and the method of

quantifying N,O emission and generation is detailed by Quan et al. (2012).

6.4 Results and Discussion

6.4.1 Bacterial community succession with the enrichment

With thiosulfate as the substrate, for each subculture, the maximum accumulation of gas
resulting from autotrophic denitrification was reached after seven days. However, there was no
observed gas production when pyrite was used as the substrate. Therefore, pyrite was
determined to be a poor electron donor for sulfur-based autotrophic denitrification compared
with thiosulfate during the enrichment. This can be attributed to limited mass transfer due to
low solubility and low specific surface area of natural pyrite, which deem it not favorable for
the microbial growth (Cardoso et al., 2000). As pyrite was an unsuitable substrate for the
enrichment of autotrophic denitrifiers. Thus, analyses below were with the samples collected

from thiosulfate fed enrichments.

Bacterial community succession of each subculture along the enrichment is shown in Fig. 6.1.
The community developed significantly from S1-S3, but the S4-S7 communities were more
similar to each other. There was an increase in similarity with the increase in the times of

subculturing. The high level of similarity in the microbial community after S4 is in agreement
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with Li et. al’s study (2013b), indicating that successful enrichment of autotrophic denitrifiers
was achieved after four subcultures over 28 d when using thiosulfate as the substrate.
Therefore, we suggest that four subcultures can sufficiently enrich an autotrophic denitrifying

community from anaerobic sludge.
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Figure 6.1: 2-D NMDS plots illustrating community succession of TRFLP patterns of each subculture

along the enrichment

6.4.2 Bacterial community structure of the enriched culture

The diversity of the community converged from seed sludge to the final enrichment as
demonstrated by 16S tRNA sequence analysis (Fig. 6.2). Diversity indices by Shannon were
4.89 for the seed sludge and 0.49 for S7, indicating a temporal reduction of the bacterial
diversity. The autotrophic denitrifying bacteria Thiobacillus was the relatively dominant group.
Thiobacillus was the major autotrophic denitrifier reported in most sulfur-based autotrophic
biofilters (Shao et al., 2010; Wang et al.,, 2015). Therefore, the high relative abundance of

Thiobacillus (55%) in S7 indicated the successful enrichment of the sulfur-based autotrophic
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denitrifying community from the anaerobic sludge. Besides a significant enrichment of
Thiobacillus in S7, the culture also contained Flavobacteriales, Alcaligenaceae, Comamonas,
Castellaniella, Aquamicrobinm, and Rhizobiales, presumably indicating heterotrophic metabolism of
residual and organic products alongside the predominant autotrophic denitrification. Equally,
however, some isolates from the family Comamonadaceae which are capable of heterotrophic
denitrification were present (3.1%) in S7 (Zhang et al., 2012). Furthermore, in some bacteria
from chemolithoautotrophic _Alkaligenaceae and Castellaniella (found 6.2% in S7, Fig. 2),
concomitantly oxidation of thiosulfate (S,0,”) to tetrathionate (S,0,”) can be utilized as an
additional energy-yielding reaction by a pootly understood mechanism called the tetrathionate
intermediate pathway (Ghosh et al.,, 2011; Sorokin et al., 2005). In addition, Aguamicrobium
belonging to the family Phyllobacteriaceae, of the order Rhizobiales, accounted for 3.1% of S7

sequence, and some species of genus Aguamicrobinm have been reported as facultatively sulfur-
oxidizing chemolithoautotrophic a -Proteobacteria (Alam et al., 2012). Thus, such relatively

less abundant populations could have also been contributing to autotrophic denitrification.
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Figure 6.2: Bacterial community composition and relative abundance of the seed sludge and S7.
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6.4.3 Denitrification rate of the final enrichment culture

The accumulated volume of gas generated was 0.94, 1.60 and 2.50 mL in assays with initial
NO;-N concentrations of 30, 50, and 80 mg-L.", respectively. The volumes of gas generated in
assays were close to the theoretically calculated N, volumes according to Eq. 6.1 (0.96, 1.6, and
2.56 mlL,, respectively). This indicates that NO;-N removal was through the expected pathway
via NO;-N reduction to N,. The specific autotrophic denitrification rate of S7 was calculated
to be 21.17 £ 1.75, 19.38 + 1.24, and 21.82 + 2.70 mg N,-N-(gVSS-d)" at initial NO,-N
concentrations of 30, 50, and 80 mg-L’l, respectively, with an average of around 21 mg N,-
N-(g'VSS:d)". The study of Sahinkaya et al. (2011a) also shows that the denitrification rate did
not change significantly at varying initial NO;-N concentrations. Therefore, the initial NO;-N
concentration of 30 mgl.' was further investigated as a representative for municipal

wastewater in the subsequent assays.

Dissolved N,O was not detectable (below 0.04 mg-L.™") with an initial NO,-N concentration of
30 mg'L."". Thus, the emission of N,O in thiosulfate system was negligible. Yang et al. (2015)
also found that the maximum N,O gas emission was only 0.405% of the N load when influent
NO;-N was 70 mg-L! with H,S as substrate in a granular sludge autotrophic denitrification
reactor. N,O emissions from sulfide-driven autotrophic denitrification were much lower than
those associated with heterotrophic denitrification, which can reach 14.6% of the treated N
load (Kampschreur et al., 2009). One reason for such a low N,O production was the low
concentrations of NO,-N during NO,-N reduction, below 0.5 mg-L.™" at all-time points. After
the specific denitrification rate trials, there were negligible concentrations of NO;-N and

dissolved N,O in the thiosulfate system, indicating a complete utilization of NO;-N by S7.

A half-order reaction model based on Monod equations has been widely applied for sulfur-

based autotrophic denitrification (Darbi and Viraraghavan 2003; Koenig and Liu 2001). In this
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study, application of the half-order reaction model to describe the sulfur-based autotrophic

denitrification by Egs. 6. 3-4 appears to be an appropriate proposition.

dCyoz N 1/2

—d: = _klcNog—N (63)
1/2 _ pl/2 1

CN0§—N, t CNog—N, i Eklt (6.4

where k, is the half-order reaction constant for NO,-N, mg*/?LY?h ; C No;-N, ¢ i the
concentrations of NO;-N at time t, mg-L.”"; C NO;—N, o is the initial concentration of NO;-N,

mgL*].

The kinetics of autotrophic denitrification was well described by a half-order reaction with
Cngoy = —0.57 t + 5,51 (R?=0.95, P=0.0002<0.5). The half-order reaction rate was calculated
from the slope of the line as 1.14 mg*/?LY?h. The specific utilization rate of NO;-N was
16.40 mg NO,-N (g-VSS-d)"! and NO,-N was reduced to 0.47 mg-L.""in 8 h. This rate is in
good agreement with the calculated specific denitrification rate based on gas production,
proving the produced gas from denitrification was N, Similarly, near stoichiometric
conversion of thiosulfate to sulfate was observed, and the measured SO,”/NO,-N ratio (Fig.
6.3 ¢) was 12.85 g/g, similar to the stoichiometric ratio of 11.58 g/gaccording to Eq. 6.1. The
lower experimental SO,” values than theoretical values were detected when the removed NO, -
N was 19.06 and 20.67 mg-L.". This might be explained by the formation of intermediate
products (e.g. S, S,0,”, and SO,”) during the oxidation of S,0,” to SO,” at this stage (Tong et
al., 2010).
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initial concentration of 30 mg NO3-N-L-.
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6.5 Summary

Thiobacillus-dominating microbial communities which can carry out sulfur-oxidizing
autotrophic denitrification were successfully enriched by a convenient, effective and reliable
method from anaerobic sludge within 28 days. Illumina sequencing showed that genus
Thiobacillus had a relative abundance of 55% in the final enrichment culture. The enriched
autotrophic denitrifiers showed that a specific utilization rate of NO;-N was 16.40 mg NO;-N
(gVSS-d)" with thiosulfate as the electron donor. The enriched autotrophic denitrifiers were
seeded in NPyr-based biofilters. The feasibility and the denitrification capacity of the biofilters

for simultaneous removal of NO, and PO,” from wastewater are detailed in Chapter 7.
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Chapter 7
Nanostructured Pyrrhotite Supports Autotrophic
Denitrification for Simultaneous Nitrogen and

Phosphorus Removal from Wastewater
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7.1 Overview

This Chapter assessed the efficiency of NPyr based autotrophic denitrification biofilters
(PADBEs) for simultaneous N and P removal from secondary treated wastewater at a variety of

HRTs (0.6-7.2 h) using two identical laboratory-scale biofilters.

7.2 Introduction

To control eutrophication, some countries have drafted stringent effluent quality criteria. For
example, in sensitive areas, such as South Central Great Plains lakes and Northern Great Plains
rivers in the United States, TN must be <1.5 to 3 mg-Lfland TP <0.07 to 0.1 mg-Lf1
(Oleszkiewicz & Barnard, 2006). To achieve such stringent criteria presents a challenge for
tertiary treatment, and technological innovation for further removal of N and P from
secondary treated wastewater which is typified by a low organic C/N ratio. As introduced in
Chapter 2, PADBs, in which natural pyrrhotite (Fe, S, 0<x<0.125) mineral is used as the
biofilm substratum for autotrophic denitrification for N and P removal, was developed to
reduce N and P to low levels. However, long hydraulic retention times (HRTSs), of up to 24 h,

was required, which would constrain its application in mainstream wastewater treatment plants

(WWTPs).

To make PADB technology applicable, NPyr was used as the substratum in nanostructured
PADBs, replacing natural pyrrhotite. In this chapter, the mechanisms and efficiency of NPyr
based autotrophic denitrification for simultaneous N and P removal from secondary treated

wastewater at short HRTs (0.6—7.2 h) were studied in detail.
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7.3 Materials and Methods

7.3.1 Synthesis of NPyr

The synthesis of NPyr from natural pyrite minerals have been detailed in Chapter 4.

7.3.2  Culturing of autotrophic denitrifiers

The method of enriching autotrophic denitrifiers from anaerobic sludge has been introduced

in Chapter 6.

7.3.3 Wastewater tested

Synthetic wastewater (pH, 8.35) with 28 mg NO,-N L 'and 6 mg PO,”—P L."' was prepared
with KNO; and KH,PO, dissolved in tap water to simulate secondary effluent from municipal

WWTPs.

Secondary effluent monthly taken from a local municipal WWTP, which operates as a
conventional, nitrifying activated sludge process, was used as ‘real’ wastewater in this study.
After arriving at the laboratory, it was filtered through 110 mm filter paper to remove the
grown algae before being stored at a cold room where the temperature is controlled at 10 °C.
During the storage, characteristics of the wastewater did not change much. The filtered
wastewater was firstly flushed with N, for 15 min, then added in a bag, and eventually pumped
to the biofilters from the inlets located at the bottom. The quality of the water in the bag was
measured biweekly, and the results are given in Table 7.1, with total oxidized nitrogen (TON:
NO;-N + NO,-N) of 13.81 + 1.52 mg-L.”', NO,—N of 0 + 0.01 mg-L.""), NH,"-N of 0.50 *+
0.05 mg'L.”"and PO, —P of 2.44 + 0.05 mg-L."".

123



Nanostructured PADBs for Simultaneous N and P Removwval

Table 7.1: Characterization of the real secondary effluent (mg-L™1)

pH TON P SO,” COD Ca

734 £0.44 1381 +152 244+£0.05 11525%+0.15 2250=*212  61.20 £ 8.55

TON: total oxidized nitrogen; COD: chemical oxygen demand

7.3.4 Inoculation and operation of the nanostructured PADBs

Two identical, glass upflow biofilters (diameter, 10 mm; height, 50 cm) were set up in the
laboratory. NPyr particles (50 g) were added into each biofilter as biofilm substratum with an
effective height of 34.5 cm and a porosity of 60%. The packing density of NPyr particles was
1.85 g/ml.. Cultuting medium (described in Chapter 6) containing the enriched autotrophic
denitrifiers (10% v/v), was flushed with N, for 20 min and then continuously pumped into the
biofilters at a flow rate of 2.26 mI+h”'. The method of inoculation of stable autotrophic
denitrifying biofilms on the substratum in PADB has been described by Li et al.(2016). After
the inoculation period, which lasted 40 days, the trial was commenced (noted as Day 1), and
the synthetic secondary effluent was pumped into the nanostructured PADBs. The phases of
the biofilter trial are listed in Table 7.2. The effects of the HRT (0.6—7.2 h) and of the quality
of the influent (synthetic secondary treated wastewater during Phases 1-3; real secondary
treated wastewater during Phases 4-9) on the performance of the nanostructured PADBs were
studied over the 536-day trial. HRT was calculated considering the porosity in the biofilters
with Eq. 3.1 (Chapter 3).
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Table 7.2: Operational phases in the nanostructured PADB trial

Phase Day N P HRT Hydraulic Loading Q
d) (mg/L)  (mg/L)  (h)  Loading Rate (mgNO;-N/  (mL/h)
L-d)
(m>m*d™")
1 1-128 28 6 7.2 0.69 56 2.26
2 129-155 28 6 5.4 0.92 75 3.01
3 156-233 28 6 3.6 1.38 112 4.51
4 234-381 3.6 1.38 55 4.51
5 382-409 3 1.66 66 5.42
6 410420 Real secondary 2.4 2.07 83 6.77
7 421440  treated effluent 1.8 2.76 110 9.02
8 441-465 1.2 4.14 166 13.54
9 466-536 0.6 8.28 332 27.08

7.3.5 Sample collection and analysis

Effluent samples were collected from the biofilters every two days, and samples were also taken
from different heights of the biofilters after the performance was stable for five successive
measurements in each phase. Three sampling points were located at heights of 2.75 cm (bottom),
12.75 cm (middle) and 34.5 cm (top) from the base of the biofilters. Samples were filtered
through 0.45-um syringe filters prior to the determination of TON, NO;-N, NO,—N, PO, -P
and SO,” using a nutrient analyzer (Konelab 20, Thermo, USA). Total organic carbon (TOC)
was detected using a TOC/TP/TN analyser (Biotector, Ireland) and pH was measured using a
portable meter (pH 3210, Germany). Samples were acidified by 1% nitric acid to determine
metals using Inductively Coupled Plasma Mass Spectrometry (ICP-MS; ELAN DRCe, Perkin
Elmer, Waltham, USA) (Ratcliff et al., 2016). Concentrations of Fe®, §*, TP, and chemical
oxygen demand (COD) of fresh effluent samples were determined using respective HACH test
kits (HACH DR 2010, USA). Dissolved N,O was measured with a N,O microsensor (Unisense,
Denmark), using the method detailed by Quan et al.(2012).
125



Nanostructured PADBs for Simultaneous N and P Removwval

At the conclusion of the nanostructured PADB trial, the used NPyr particles were collected from
the three PADB sampling points, gold coated (Emitech K550), and the surface morphology was
examined using scanning electron microscopy (SEM, Hitachi S—4700, Japan) (Morrison et al.,
2009). The valence state of S on the used NPyr was determined using X—ray photoelectron
spectroscopy (XPS, Thermo ESCALAB-250, USA). The used NPyr particles were suspended in
ethanol followed by solid dispersion using sonication, and subsequently the suspension was
dropped on a 400-mesh copper grid for examination of element distribution and composition
using transmission electron microscopy (TEM, JEOL-2100F, Japan) (Han et al.,, 2012). NPyr
particles sampled at different heights of the nanostructured PADBs were used for genomic

DNA extraction and high-throughput sequencing of 16S tRNA genes.

7.3.6 DNA extraction and Miseq sequencing

DNA was extracted from 0.05 g of the used NPyr particles using an automated DNA
extraction robot (Maxwell 16 Research Instrument System, Promega) according to the
manufacturer’s instructions and with the associated purification reagents (Maxwell 16 Tissue
DNA Purification Kit, Promega). DNA extracts were purified using a Wizard® DNA Clean-
Up System (Promega). Purified DNA was quantified using a spectrophotometer (Qubit system,
and the Broad-Range Qubit Assay; Life Technologies). The preparation method of DNA for
sequencing on an Illumina Miseq platform has been detailed in Chapter 6. Raw sequences were
processed with a modified version of the Illumina MiSeq SOP pipeline(James J. Kozich, 2013)
in Mother (http://www.mothur.org/wiki/MiSeq_SOP). Filtering of ambiguous base calls
(maxambig = 0), amplicon size (maxlength= 300, minlength = 200), barcode mismatches
(bdiffs = 0), primer mismatches (pdiffs = 2) and homopolymers (maxhomop = 8) was done
following Weigel and Erwin (2016). Sequences were aligned with the Silva database and
trimmed to the V4 region. The precluster(Huse et al., 2010) and UChime algorithms were run,
and chimeras sequences were removed. OTUs (97%) were constructed after sequences were

classified, and non-target reads were removed. Each dataset was subsampled to the lowest read
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count (n = 24,312) and all analyses were based on the final subsampled data sets. A threshold
of 1% was employed to define rare or abundant taxa, which resulted in a cut-off value of 24

sequences.

7.4 Results and Discussion
7.4.1 Nitrogen removal efficiency and kinetics

The concentrations of TON and NO, —N in the nanostructured PADB effluent are shown in
Fig. 7.1. A short adaptation period was observed when the HRT was reduced (except in Phases
3 and 9), and almost complete denitrification (effluent TON, 0.045 + 0.011 mg-L"; effluent
NO, —N, < 0.1 mg'L.") was achieved at steady states during Phases 1-8, indicating that NPyr
was an efficient electron donor for sulfur-based autotrophic denitrifiers. This is supported by
high-throughput Illumina sequencing data indicating an abundance of chemolithotrophic
Thiobacillus in the biofilters (65-87% relative abundance of the total bacterial 16S rRNA gene
sequences, Fig. 7.2), which can use iron sulfides as electron donors with NO; —N reduction
(Bosch et al., 2012). During Phase 3, effluent NO, —N was high (up to 8.96 mg-L.") after the
HRT was shortened from 5.4 h to 3.6 h on Day 156, but was undetectable by Day 197. NO, —
N accumulation was attributed to the fact that some of the biofilm detached due to the high
shear force caused by increasing the influent flow rate from 3.01 mL-h" to 4.51 mL+h" (Table
7.2). By Phase 9, when the HRT was 0.6 h, effluent TON was 7.40 + 1.18 mg'L.", and the N
removal efficiency was 46%. Two reasons accounted for elevated effluent TON: (i) a shorter
HRT resulting in a higher NO;—N loading rate of 332 mg-1."-d" (Table 7.2); and (ii) a limited
mass transfer rate of NO;—N to denitrifiers due to precipitation of FePO, and Fe(OH); on

NPyr surface (discussed in Section 7.3.2).
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Figure 7.1: N and P concentrations of the effluent from nanostructured PADBs at different HRT's
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Figure 7.2 Bacterial community structures in the nanostructured PADBs

(A: Bottom of biofilters treating synthetic wastewater; B: Middle of biofilters treating synthetic wastewater; C:
Bottom of biofilters treating real secondary wastewater; D: Middle of biofilters treated with real secondary
wastewater; all genera present at a relative abundance >1% of total reads; the unclassified indicates the taxonomic

information retrieved from Silva database contains missing information at this level).

NO, —N accumulation was observed along the height of the biofilters. NO, —N detected in
the middle of the biofilters in Phases 1, 2, and 3 accounted for 25%, 27% and 39%,
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respectively, of influent NO, —N (28 mg'L."). Dissolved N,O was undetectable along the
biofilters. Therefore, a two-step autotrophic denitrification model was proposed, which
comprises NO; —N reduction to NO,-N, and NO, -N reduction to N,, without
accumulation of intermediate gaseous products. Sulfur-based autotrophic denitrification is
believed to follow the Monod equation in the NPyr biofilm, and the denitrification kinetics can
be expressed with zero-order, half-order or first-order models mainly depending on
concentrations of NO; =N (Darbi & Viraraghavan, 2003; Koenig & Liu, 2001). In the present

study, half-order reaction kinetics best described the two-step NO;—N denitrification of

synthetic wastewater, which are expressed in Eqs. 7. 1-2.

dCyoz N 1/2
_dts = _k1CN0§—N (7.1

dCno; N

1/2 1/2
—_ leNo;—N - kZCNOE—N (7.2)

where, k; and k, are the half-order reaction constants for NO;-N and NO,-N per unit volume

of the biofilters (mg*/2LY?h), respectively.

Egs. 7. 3-4 were developed to calculate concentrations of NO;—N and NO,—-N at different

heights of the biofilters:

1/2 172 1
Cnos—n, ¢ = Cnoz-n, i — 3 Kita (7.3)
1 2 k2t 2 1 2
1/2 = (M2 kit ) 0 _ ki ki 2 ki”
Chop o, ¢ = <k2 Qosn, i1z )€ 7 —potnticCory i oz (9)
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where, Cyos—n, ¢ and Cyos—p, ¢ ate the concentrations of NO;-N and NO,-N at different

heights of the biofilters, respectively; Cyo; -y, ; is the influent concentration of NO; N; ty, is
. . L Ah . .
the empty bed residence time, which is calculated by Tn (A: the cross-section area of biofilm

substratum; H is the height from the bottom of the biofilters).

The half-order kinetic models developed were assessed by comparing the measured
concentrations of NO;—N and NO,-N and modelled values along the nanostructured PADBs
treating synthetic wastewater in Phases 1-3. The measured values fit the modelled values quite
well (Fig. 7.3). The half-order reaction rate constants estimated are 1.31, 1.87, and 2.84
mg/?L?h for NO,-N (k,) and 2.21, 2.60, and 3.57 mg*/?2LY?h for NO,-N (k,) at HRT
of 7.2 h, 5.4 h and 3.6 h, respectively. These values are comparable to the reaction rates for
NO;-N obtained in element-sulfur-based autotrophic denitrification, which were in the range
of 1.12-3.52mg/2L}/2h (Darbi & Viraraghavan, 2003; Koenig & Liu, 1997; Koenig & Liu,
2001). The half-order reaction constants for NO;-N and NO,-N increased with the HRT
reduction, suggesting faster denitrification kinetics at lower HRT's due to higher mass transfer
rates in the biofilm at lower HRTs. In addition, higher reaction constants for NO,—N, than for
NO;-N, at different HRTs are in agreement with the finding that significant NO,—-N
accumulation was observed in the middle of the biofilters but no NO,—-N was detected in the

effluent (Fig. 7.3).
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Figure 7.3: [NO3-N]/2 / NOz-N vs. empty bed tesidence time at HRTs of 7.2 h (a), 5.4 h (b), and 3.6 h

(c) in the nanostructured PADBs.
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Based on the determined half-order reaction constants, the NO,-N and NO,-N
concentrations along the nanostructured PADBs could be estimated with Eqs. 7. (4-5).
However, the models fail to describe NO,-N accumulation along the biofilters treating real
secondary effluent during Phases 4-9. This may be explained by the low influent concentration
of NO,—N, which was only 13.81 + 1.52 mg'L.". Indeed, NO;—N was mostly reduced in the
lower part of the biofilters where the relative abundance of autotrophic denitrifying Thiobacillus
was up to 87% in the bacterial community. Consequently, wastewater with low concentrations
of N (average NO; —N of 0.29 + 0.07 mg-L." and NO, —N of < 0.1 mg-L.") passed through
the middle of biofilters during Phases 4—6. During Phases 7-9, the reduction of NO;—N
followed first-order reaction kinetics in the biofilters, which is elucidated in Table 7.3. The low
concentrations of NO;—N can be explained by the increased mass transfer rates of NO;—N at

shorter HRTSs.
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Table 7.3: Reaction kinetics for NO3-N and NO;—N at HRTs of 1.8 h, 1.2 h, 0.6 h in the nanostructured

PADBs
Reaction kinetics First-order Half-order reaction
dCnoz-N dCnoz-N
3—N 2N _ 1/2
Rate laws @ - -k Cnos-N T kCNO;—N szNo;—N
Cnos-N, t = Cnoz-n, 1 €75 1/2 _ kCroz-n, i -kt

NOZ-N, t — 2k — kz

Equations kcliog—_;i(i .

R’ 0.92
Phase 7

k 3.68 k, 3.67
(HRT: 1.8 h)

P 0.04

R’ 0.97
Phase 8

k 7.37 k, 7.95
(HRT: 1.2 h)

p 0.02

R’ 0.89
Phase 9

k 0.72 k, 7.95
(HRT: 0.6 h)

p 0.05
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7.4.2 Phosphorus removal efficiency and mechanisms

Phosphorus removal efficiency of the nanostructured PADBs over the 536-day trial is
presented in Fig. 7.1. The average effluent P concentration was as low as 0.02 mg-L." with
almost 100% P removal at HRTs of 3.6—7.2 h (Fig. 7.1) when treating synthetic wastewater;
the average effluent P concentration was as low as 0.03 mg-L." with an average P removal
efficiency of 98% at a HRT of 0.6 h when treating real wastewater. The nanostructured PADB
technology had significant advantages over sulfur—limestone autotrophic denitrification, which
does not achieve P removal (Sahinkaya et al., 2014), as well as over conventional constructed
wetlands (< 30% P removal) (Greenway, 2005), and other biological nutrient removal

processes (71-97% P removal) (Liu et al., 2014b; Wu et al., 2014; Yin et al., 2015).

To test our hypothesis on the mechanisms of P removal, energy dispersive X—ray (EDX)
mapping for element distribution (Fig. 7.4) and composition analysis (Table 7.4) was used to
examine the secondary amorphous colloid formed on the surfaces of used NPyr particles. P
element was abundant in the amorphous colloid (Fig. 7.4). Considering the low adsorption
capacity of P on NPyr particles (0.17 mg-g' NPyr) (Chen et al., 2014b), the strong P signal
observed confirms the hypothesis that P removal from wastewater was not achieved only by
adsorption. Therefore, P adsorption on NPyr particles did not contribute significantly to the P
removal achieved in the nanostructured PADBs. Oxygen and Fe were also found to be
abundant in P—concentrated areas (Fig. 7.4). Iron would appear as Fe’" resulting from
microbial oxidation of NPyr by Thiobacillus, which can also use Fe** as an electron donor with
NO, N reduction (Bosch et al., 2012). Low total Fe concentrations of 0.84 * 0.67 mgL."
(Fe’*< the detection limit of 0.02 mg-L.") were detected in the effluent (Table 7.6), indicating
that Fe’" was precipitated in the biofilters. Fe’* precipitation was due to formation of FePO, (s)
and Fe(OH); (s) in the secondary colloid. The atomic ratio of Fe:P:O in the secondary colloid
was 1.39:1:4.83 (Table 7.4), which is close to 1:1:4. Based on the atomic percentage of P in the
secondary colloid, and considering that P adsorption was negligible compared with P

precipitation, the secondary colloid can be inferred to be primarily composed of FePO, (71
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mol%). The excessive amount of Fe and O was due to the precipitation of Fe(OH),. On the
basis of TEM-EDX data, our hypothesis that the precipitation of FePO, was the dominant
mechanism for P removal in nanostructured PADB was confirmed. The FePO, precipitates on
the NPyr particles’ surface could result in clogging of the biofilters over a long-term operation.
Therefore, downflow nanostructured PADBs are suggested to lessen the chance of clogging
for practical biofilter operation: the secondary effluent to be treated is applied from the top of
the biofilters and withdrawn at the bottom. Once the clogging occurred, the top NPyr particles

can be replaced with fresh NPyr particles.

300 nm

Figure 7.4: TEM micrograph (a) and energy dispersive X—ray (EDX) mapping for different elements:
phosphorus (b), iron (c), oxygen (d), calcium (e), and sulfur (f) of the secondary colloid in the used
NPyr particles.
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Table 7.4: Atomic percentages (%) of elements in the secondary colloid formed on the used NPyr

particles

Element Fe P O Ca S Si

Atomic (%) 17.28 12.43 60.07 5.93 2.03 1.69

7.4.3 Conversion of sulfur in PADBs

According to pyrrhotite based autotrophic denitrification, 3.84 mg of SO,” is produced
stoichiometrically when 1 mg NO,-N is reduced to N, Thus, PADB effluent SO,”
concentrations should be higher than influent SO,” concentrations. The difference between

the concentrations of effluent SO,” and influent SO,*, A SO,”, is defined as follows:

—S02-

effluent 4 influent

A SO = SO%~ (1.5)

The A SO,” values during the nine operational phases of the trial are shown in Table 7.6.
During Phases 1-3 when the biofilters were used to treat the synthetic wastewater containing
28 mg NO,-N'L", A SO,” was 135.10 + 33.10 mg'L.', which was higher than the A SO,”
value of 106.7 mg-L." calculated theoretically. The difference — 28.4 mg-L." (135.10 - 106.7
mg-1.") — was due to NPyr oxidation by the small amount of oxygen inevitably introduced with
the influent (Annachhatre & Suktrakoolvait, 2001; Bosch et al., 2012). Nonetheless, the
effluent SO,” was < 250 mg'L.", which is the maximum level set by the US EPA for Secondary
Drinking Water Standards (Sahinkaya et al., 2011a).
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An interesting phenomenon was observed in the nanostructured PADB treating real secondary
effluent at low HRTSs of 0.6-3.6 h during Phases 4-9: A SO,” was mostly negative with up to -
21.77 mg'L.', which is considerably lower than the theoretical value of 52.61 + 0.34 mgL."
(Table 7.5) ie. the effluent SO,” concentrations were lower than the influent SO,*
concentration. SO,” concentrations along the biofilters are shown in Fig. 7.5. SO,”
accumulation (A SO,” of near 52.61 mg-L.") observed in the middle of the biofilters, confirmed
that autotrophic denitrification oxidizing S* in NPyr to SO,” was a dominant process in the
lower part of the biofilters. The consumption of 56.07, 58.01, 50.09 and 32.50 mg SO,*"L’"
(the difference between SO,” concentrations at the middle and top sampling points) in the

upper section of the biofilters indicates that SO,* reduction did occur.
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Figure 7.5: A SO4* along the nanostructured PADBs.

XPS spectra of S determined that the intermediate S species between SO,” and S* were on the
used NPyr particles (Fig. 7.6). The dominant peaks in all S (2p) spectra (Fig. 7.5 a—c) are
located at 161.2 £ 0.2 eV and 162.3 + 0.2 eV, corresponding to the S(2p3/2) peak for
monosulfide ($%) in iron sulfides (Mullet et al., 2002) and an approximate oxidation state of S
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on Fe, S (Behra et al.,, 2001), respectively. Two extra peaks at higher binding energies were
observed for the used NPyr particles taken from the bottom (Fig. 7.6 b) and middle (Fig. 7.6 c)
of the biofilters: peaks at 168.3 eV correspond to binding energies for SO,* species (Renock et
al.,, 2009), one end-product of NPyr-based denitrification; peaks at 163.4 £ 0.1 eV correspond
to polysulfides (S,”, n=2, 3, ...... , 9) Mullet et al., 2002; Renock et al., 2009), which may be
intermediate products of SO,” reduction (Eq. 7.6). SO,” reduction can result in different S
species, such as thiosulfate (S,0,”), polysulfides (S,”), and elemental sulfur (S). Only S,* was
detected by XPS in this study. Sulfate-reducing bacteria (SRB, i.e. Desulfosporosinus sp.,
Desulfobulbus sp., and Desulfitobacterium sp.) were accounted for 0.12% of the relative abundance
of 16S rRNA gene sequences from the samples collected from the middle part of biofilters
when treating real secondary effluent. Other researchers have also found that SRB are very

active bacteria and are able to perform significant SO,” reduction at a range of 1.5-16.7 mg-L.

1
peat soil

-day” at a low genome abundance of less than 0.1% (Hausmann et al., 2016). Hence,
when treating the real wastewater, the presence of SRB probably contributed to SO,”

reduction, which is as described by Eq. 7.7

SS41 = Ssa3 = S35 — Siive — S3oz — SU - ST (7.6)
CH,0 + S03™ - S2~ + HCO3 (7.7)

Organic matter (represented by CH,O, Eq. 7.7) in the nanostructured PADBs included
residual organic contaminants in the real secondary treated wastewater, in which the COD

concentration was 22.5 = 2.1 mg-L." (Table 7.1).
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Figure 7.6: XPS spectra of S (2p) peak for NPyr

(a: original NPyr; b: the used NPyr collected from the bottom of the biofilters; c: the used NPyr collected from
the middle of the biofilters; background (Red dash); Fe?" —82~ (green dash), S- ( blue dash), S,?~ (cyan dash), SO

(Tan dash); the solid line represents the sum of the component peaks)

Hence, a reversible sulfur cycle is proposed for the nanostructured PADBs (Fig. 7.7): NPyr
(Fe,,S) was utilised as the electron donor for autotrophic denitrifiers resulting in microbial
oxidation of S* to SO,” (blue box, Fig. 7.7); the produced SO,” was then used as the electron
acceptor by heterotrophic SRB leading to SO,* reduction to S,* (Eq. 7.7; green box, Fig. 7.7).
S.” in the biofilters can then be used as the electron donor for autotrophic denitrifiers to

reduce NOj again. This cycle underpins the potentially sustainable use of NPyr as a sulfur

source for autotrophic denitrification in nanostructured PADB technology.
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Figure 7.7: Proposed pathway for NPyr autotrophic denitrification coupled microbial oxidation for

simultaneous N and P removal in the nanostructured PADBs.

Protons are also generated in the NPyr-based autotrophic denitrification process. According to
the stoichiometric equation, 0.39 mg CaCOj alkalinity is consumed when 1.00 mg NO, — N is
reduced. The pH decreased from 8.30 + 0.07 in the influent to 7.69 * 0.37 in the effluent
during Phases 1-3 in the nanostructured PADB treating synthetic wastewater (Table 7.5).
However, the effluent pH increased slightly when the biofilters treating real secondary
wastewater during Phases 4—8. This may be due to production of HCO; during biological
SO,” reduction by SRB (Eq. 7.7). In general, variations in pH were insignificant in the
nanostructured PADBs, particularly when compared with the H' production during elemental-
sulfur-based autotrophic denitrification, which would consume 4.57 mg CaCO; alkalinity to
reduce 1.00 mg NO;-N (Sahinkaya et al, 2014). Hence, NPyr-based autotrophic

denitrification is a pH-buffering process.
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Table 7.5: Average pH and SO4> concentrations in the effluent from the nanostructured PADBs

Influent SO,* ASO” Theoretical
Phase  Influent pH Effluent pH
(mgL") (mgL") ASO,” (mgL")
1
2 8.30£0.07 32.44+1.5 7.69 £ 0.37 135.10%+33.10 106.68
3
4 8.59 + 0.11 -21.77 £29.22
5 8.52% 0.13 -20.01 £ 22.96
6 8.39 £ 0.27 -6.61 £ 15.23
7.34%0.44 115.25%+0.15 52.61 £ 0.34
7 8.34 £ 0.05 -4.13 + 8.14
8 8.16 £ 0.01 14.87 £ 5.50
9 8.10 £ 0.13 35.51 + 4.57

Therefore, the issues of SO,” production and pH reduction that are usually associated with
elemental-sulfur-based autotrophic denitrification were avoided (Table 7.6), confirming the
advantages of NPyr as a sulfur source for autotrophic denitrification for wastewater treatment.
In addition, the potential risks of metals leaching following iron sulfide oxidation were
assessed during each of the operational phases (Table 7.6). The concentrations of trace metals,
such as Cu, Zn, Pb, Cd, and As were negligible in the effluent, which were much lower than

the Maximum Contaminant or Treatment Technique Level in drinking water (1300 pg-L" for
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Cuy, 15 ug-L'l for Pb, 5 pLg-L'1 for Cd, and 10 pLg-L'1 for As, etc) (EPA, 2016). The results
indicated that there was little leaching of priority metal pollutants from the nanostructured

PADB, which is advantageous with respect to environmental protection.

Table 7.6: Average metal concentrations in the effluent from the nanostructured PADBs

Phase Cu (ugL") Zn (ugL) Pb gL’ Cd@gl") As@gLl’) Fe(mgL") Ca(mgL"

1 8.86£7.03 595+5.01 0.06+0.12 0.03+0.10 0.41+0.46 1.02£0.68 43.91£14.76
2 1.07£0.01  3.04+1.17 0.01£0.01 0.02£0.01 0.16+0.02  0.80+0.55 40.87£1.28
3 2591173  2.89+2.28 0.02£0.01 0.02£0.01 0.23%£0.025 0.27£0.31  40.04+12.45
4 6.47+£159 1.51+1.20 0.03£0.01 0.04£0.04 1.16%£0.84 0.06x£0.02 38.49%7.72
5 9.27£1.09  1.54%£0.05 0.03£0.01 0.02£0.01 1.20£0.31  0.12£0.12  44.08%1.04
5 14.49+£1.09 1.51+£0.05 0.03£0.01 0.01£0.01 0.98+£0.31 0.22£0.12  45.25%1.64
7 10.03+0.07 1.11+0.11  0.05%£0.01 0.02+£0.01 1.75%0.01  1.51+0.99 68.04£1.76
8 11.46+0.19 0.98+0.14 0.05%£0.01 0.02£0.01 1.08+0.01  2.19+0.08 64.0%1.28

9 9.78£0.06  1.35£0.14 0.03£0.01 0.01£0.01 1.5£0.01 0.02£0.14  51.63£1.86

7.5 Summary

This chapter evaluated the potential of using NPyr as the biofilm substratum in PADBs for
autotrophic denitrification reducing NO; to N,. Meanwhile, P was mainly removed via
chemical precipitation as iron phosphates. The experiment demonstrates that NPyr is an
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efficient electron donor for Thiobacillus in nanostructured PADBs. A considerable amount of
SO,” was reduced in the upper section of the nanostructured PADBs. The closed loop of
sulfur suggests the sustainability of NPyr as the sulfur source for autotrophic denitrifiers.
Efficient denitrification and PO,”—P removal were achieved in the 536-day trial, which
demonstrated the durability and long-term capacity of nanostructured PADBs in reducing
NO,; and removing PO,”—P. High quality and low effluent concentrations of N (0.05 mg-L.")
and P (0.03 mg-L.") were achieved at a short HRT of 1.2 h when treatment of real secondary
effluent. The overall results indicate that the feasibility of applying nanostructured PADB as a

potential tertiary treatment to meet stringent discharge standards.
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8.1 Overview

This Ph.D. research is to investigate the efficiencies and mechanisms of natural and
synthesized nanostructured iron sulfides (i.e. nano-sized colloidal pyrite and nanostructured
pyrrhotite—NPyr) for the removal of metals and nutrients from wastewater. As sorbents, nano-
sized colloidal pyrite or NPyr were added in fixed-bed columns, and the capacities and
mechanisms of Cu sorption from synthetic and real acid mine drainage (AMD) were tested. As
biofilm substratum, NPyr was added in biofilters forming nanostructured pyrrhotite
autotrophic denitrification biofilters (PADBs), and its efficiency in removal of N and P from

synthetic and real secondary treated wastewater was assessed.

8.2 Main Conclusions

8.2.1 Immobilization of Cu using CPWR

1) CPWR were efficient in the removal of Cu from low—concentration (10 mg-L.") Cu solution

with a breakthrough capacity of 14.0 mg Cu-g”' CPWR.
2) The contents of Cu and Fe in the used CPWR were up to 1.5% and 47.8%., respectively.

3) Sequential extraction of Cu, analysis of Fe oxides/hydroxides, and SEM-EDX analysis of
the used CPWR indicate that 45-52% of Cu®" was removed due to the adsorption of Cu
on iron hydroxides formed via the oxidation of colloidal pyrite and dissolution of siderite

in the CPWR.

8.2.2 Removal and recovery of metals by NPyr

1) The breakthrough capacities for the four single-metal (i.e. Cu, Pb, Cd, or Zn) solutions

were 77.42 mg Cu-g*, 73.68 mg Pb-g™, 8.42 mg Cd-g”, and 58.74 mg Zn-g", respectively.
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2)

3)

1)

2)

3)

4)

)

2)

After the breakthrough, the contents of Cu, Pb, Cd, and Zn in the used NPyr particles
were up to 17.41%, 15.37%, 3.97%, and 8.9%, respectively.

The breakthrough capacities of Cu, Pb, Cd, and Zn for the multi-metal Cu—Pb—Cd-Zn
solution were 30.79, 10.86, 9.78, and 0 mg-g™, respectively. After the breakthrough, the
maximum Cu and Pb contents in the used NPyr sorbent were up to 6.80% and 2.50%,
respectively.

XRD analysis and sequential extractions of Cu and Pb in the used NPyr particles indicated

that most Cu and Pb (nearly 99%) was removed by the precipitation of covellite and galena.

8.2.3 Cu removal in real AMD by NPyr

Batch experiments show that Cu removal efficiency was high at an initial pH of 2, was the

lowest at an initial pH of 3, and then it was high again in the pH range of 4—0.

A two-column reactor system (Column A, with limestone added as neutralizer; Column B,
with NPyr added as sorbent) had a breakthrough capacity of 21.93 mg Cu-g' NPyr when
treating AMD containing 43.16 mg Cu-L." at a pH of 2.8.

The elevated Cu contents in the used NPyr particles were nearly 9.23% at the bottom,
which mainly existed as CuS on NPyt’s surface.

The dissolved Fe’* and SO,” in the AMD led to precipitation of iron oxyhydroxide

coatings and gypsum on the NPyr’s surface.

8.2.4 Enrichment of sulfur-based autotrophic denitrifiers

Successful enrichment of sulfur-based autotrophic denitrifiers from anaerobic sludge was
achieved after 28 days at 30°C under anaerobic conditions.
TRFLP and high-throughput Illumina sequencing of 16S rRNA genes indicated a

significant reduction in the bacterial diversity along the enrichment. Illumina sequencing
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3)

1)

2)

3)
9

showed that Thiobacillus became the dominant genus with a relative abundance of 55% in
the final enrichment culture.
The specific utilization rate of nitrate was 16.40 mg NO;-N+(g'VSS-d)' for the final

enrichment culture.

8.2.5 N and P removals by nanostructured PADBs

The experiment demonstrates the durability and long-term capacity of nanostructured
PADBs to further reduce N and P to low levels to meet stringent effluent quality criteria.
Low effluent concentrations of N (0.05 mg-L.") and P (0.03 mg'L.") at a short HRT of 1.2 h
were achieved over the 536-day trial.

A two-step denitrification process (NO3 = NO; — N;) in nanostructured PADB was
proposed to simulate the denitrification kinetics.

P was mainly removed by chemical precipitation as FePO,.

The reduction of SO,” to S, with 32.50-58.01 mg SO,”*L." occurred in nanostructured
PADBs when treating real secondary treated wastewater, highlighting the sustainability of

NPyr as sulfur sources for autotrophic denitrifiers.

8.2.6 Summary

This study provides a better insight into the role of CPWR in the weathering and leaching

processes and their function with metals in AMD. The availability of the natural CPWR at a

low cost makes it a promising material for in situ remediation of Cu—contaminated AMD.

However, the cubic crystal structure of colloidal pyrite limits its breakthrough capacity to be

only 14.0 mg Cug' CPWR. Therefore, reactive NPyr was used in latter research. The

breakthrough capacity was increased by almost six times to 77.42 mg Cu-g' when treating

synthetic Cu wastewater in fixed-bed columns added with NPyr. Low effluent concentrations

147



Conclusions

of N (0.05 mg-L.") and P (0.03 mg-L.") at a short HRT of 1.2 h were achieved over the 536-day

trial in nanostructured PADBs where NPyr used as biofilm substratum.

This research shows the potential of synthesized NPyr as i) a novel cost-effective sorbent for
Cu removal and recovery from real AMD, and ii) biofilm substratum for autotrophic
denitrification in nanostructured PADB technology as tertiary treatment for wastewater in lab-

scale column reactors.

8.3 Recommendations for future research

It is suggested that the application of NPyr into metal and nutrient removals from wastewater
should be “scaled-up” in the field to test against a set of wastewater quality parameters in real

conditions.

The lab-scale two-column (Limestone Column and NPyr Column) study shows that 50 g of
limestone/NPyr removed 1185 mg Cu from the AMD. Cutrently, the cost of raw pyrite is €60-
180 per tonne (t) (Yang et al., 2016), the price of raw limestone €2-6/t (Rau et al., 2007), and
the price of Cu is €4819-8433/t (Stephen et al., 2012). Therefore, recovery of Cu by this
technology has both economical and environmental benefits. The average Cu content in the
used NPyr particles was 2.37%, considerably higher than natural Cu ores (0.3—0.6%). However,
it’s expected that Cu recovery from the used NPyr particles with extractive metallurgy would
be expensive. Downstream costs (treatment charge / refining charge) are 23% of the Cu price,
on average (Barr et al., 2005). An onsite refinery, processing the copper concentrates to metal
on site, would generate a =20% internal rate of return for a typical mid-sized mine (Barr et al,,
2005). Therefore, an on-site refinery rather than selling the concentrate to remote smelters

would have substantial advantages if the scale is reasonable.
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As discussed in Chapter 7, the effluent TON and PO,”-P concentrations were below 0.05
mg'L." and 0.03 mg'L.", respectively when secondary effluent was treated by nanostructured
PADBs at a HRT of 1.2 h. The nanostructured PADBs added with 50 g of NPyr particles had
a theoretical NO, reduction capacity of 286 g NO, -N kg ' NPyr based on Eq. 2.16.
Therefore, for the treated secondary effluent containing 28 mg NO, —N/L and 6 mg PO,” —
P/L, the nanostructured PADBs can treat 510 L of wastewater theoretically. However, only
97.2 L. of wastewater was treated over the 536-day trial, indicating four fifths of the NPyr
particles were still unused. This implies that the service time of the biofilters could be 7.3 years
at this HRT. The reduction of SO,” to reduced sulfur compounds would extend the service
time of the biofilters by providing more sulfur to autotrophic denitrifiers. However, the service
life of PADBs needs to be investigated with pilot-scale trials since P precipitation would

adversely impact NO; reduction performance and cause the clogging of the biofilters.

The electricity cost of manufacturing NPyr from pyrite (horizontal tube furnace, 4000 W; for 1
h) is € 2.23/t at an electricity price of € 0.56/KW-h, which is negligible compared with the
pytite cost. The cost of NPyr consumed to treat wastewater in the PADB is estimated to be
less than € 0.017/m’ wastewater. For conventional heterotrophic denitrification process, in
otder to efficiently remove NO; from wastewater by adding external carbon sources, the cost
of wastewater treated is about $ 0.19/m’ (Li et al., 2016), needless to say additional cost of
chemical precipitation for further P removal. Hence, the operation cost of nanostructured
PADB technology should be much lower, and it is a simple, efficient and cost-effective
method for simultaneous removal of N and P for WWTPs. Further pilot-scale research should

be carried out to assess the costs in more details.

The average hydraulic loading rate in a treatment plant treating municipal wastewater varies,
ranging from 150 to 250 L/PE/d (Tchobanoglous et al., 2004). 200 L/PE/d is selected to
estimate the size of the PADB biofilters. Assume the treatment capacity is 10,000 PE (a small

town), and the volume of the PADB can be calculated with Eq. 8.1
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QCoty=V3q 3.1

where Q is the daily flow of wastewater to be treated (m’/h), 83.3 m’/h (2,000,000 L./d);

C, is the influent concentration of nitrogen; 15 mg NO; —N/L is used in the calculation based
on the current EU Water Framework Directive regulations on a discharge limit for N in

secondary effluent;

t,; is the desired hydraulic retention time, i.e. 1.2 h; q is the theoretical NOj;™ reduction capacity,

i.e. NPyr, 286 ¢ NO, —N kgyp,, '

The volume of NPyr added (V) is calculated to be 232.4 m’ for the treatment of 2000 m’/d

secondary effluent.

As discussed in Chapters 4-5, the recovery of metals in the used NPyr by direct metallurgical
extraction is feasible (the green arrows, Fig. 8.1). Otherwise, the used iron sulfides could be
deposited of as wastes and lead to AMD which is described in Chapter 1 (the yellow arrows,
Fig. 8.1).
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Figure 8.1: Flow sheet of the process for the disposal of iron sulfide minerals

The process used for metallurgical extraction can be hydrometallurgy, pyrometallurgy, or
electrometallurgy. Hydrometallurgy is a classical process to recover metals, but it is easily
inhibited in the presence of organic compounds and a pre-treatment step is required to
remove organics; pyrometallurgy is able to recover metals with high controllability, but
demands extremely high temperature (Barakat, 2011); electrometallurgy has the advantages of
metal recovery without further sequential treatment, but has issues of intensive energy
consumption and safe-handling of gas evolution (Chen et al, 2013a; Free et al, 2012).
However, the detailed metallurgical extraction process to recover 17.41% of Cu/15.37% of Pb
from the used NPyr particles (Chapter 4) needs more investigation. The recommended

research contents include:

1) the extraction process and the conditions used to achieve high efficiency of metal recovery;
for instance, extraction temperature if pyrometallurgy process is used;
2) the purity of the recovered metal either in its metallic state or as a chemical compound

after extraction;
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3) further studies on the applications of refined metals or their alloys.

During real AMD treated using the two-column reactor, the removal capacity was 21.93 mg
Cug"' NPyr (Chapter 5), and there is still a large scope for improvements. Following measures
are recommended to improve:

1). increasing the hydraulic retention time, which would benefit crystallization of copper
sulfide and a more complete reaction between metals and NPyr. Higher crystallization of
metal sulfide (smaller crystal sizes) may preserve a large inter-space of crystals which
precipitate on the outer layer of NPyr particles, thus increasing the diffusion rates of metal

ions and S* when treating AMD by NPyr.

2). other alkaline neutralizers such as magnesium—aluminum oxide can be tested in Column A

so as to avoid the precipitation of gypsum.

3). dissolved oxygen in the influent should be removed, such as adding Na,SO; as deoxidizer,
to avoid the precipitation of Fe oxyhydroxides which can immobilize Cu, leading to the

incomplete separation of Cu and Fe.

For NPyr-based PADB technology, further studies can be conducted on i) model development,
and evaluation of kinetic parameters of the biological autotrophic denitrification biofilm, ii) the
emission of N,O, and iii) pilot-scale demonstration. The recommended research contents

include:

1). model development: Main processes and components with parameters for NPyr-based
autotrophic denitrification process are to be established to describe the sulfide bio-

oxidation and nitrite reduction processes.

2). evaluation of kinetic parameters (such as electron distribution coefficient of S* oxidation
for NO;—N which initially reduced to NO,—N, and then reduced to N,) on biological

denitrification and sulfide oxidation.
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3). as nanostructured PADB is a biofilm technology, the growth and detachment of biofilms

and mass transfer kinetics need to be investigated.
4). dissolved N,O was not detectable during NPyr-based autotrophic denitrification processes

in nanostructured PADBs when treating NO,—N concentrations of < 28 mg-L.". However,

the impact such as the concentration ratios of NO;—N to Fe, S on N,O emission should

be further studied.

5). pertinent design for full-scale application of nanostructured PADBs is necessary to assay
the long term stability in treatment efficiency and microbial community structure under various

wastewater characteristics and temperature.
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